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This study focuses on the impact of a changing climate on the biogeochemical 

cycling of Arsenic (As) in wetlands and high manganese (Mn) soils. The aims were to 

assess the stability of As in wetlands impacted by sea level rise and to determine the 

physical and chemical properties and reaction kinetics of As oxidation under different 

temperature and pH regimes in high manganese soils from Graskop, South Africa.  

Coastal wetlands sequester large amounts of environmental contaminants, in 

their sediments and biomass, including carcinogenic As. However, sea level rise and 

saltwater inundation will potentially destabilize marsh ecosystems and can cause 

previously sorbed contaminants to be released. Marsh plants play a critical role in the 

fate and transport of As in wetlands through direct absorption into root tissue, sorption 

to iron plaques surrounding the roots, and incorporation and secretion of As in 

aboveground biomass. These relationships were tested on common reed, Phragmites 

australis, which was raised in a controlled growth chamber and exposed to saline 

conditions ranging from freshwater to seawater. The experiments were first conducted 

hydroponically and then in natural marsh soil. Porewater samplers were used to 

determine the redox state, pH, and As concentration in the soil experiments. Arsenic in 

the root plaques was analyzed using a modified dithionite citrate bicarbonate (DCB) 

method and the total As in plant biomass was measured with inductively coupled 

plasma optical emission spectrometry (ICP-OES). The distribution/association of As 

in the roots collected from these experiments was also investigated using synchrotron-

based micro-X-ray absorption near edge structure (micro-XANES) and micro-X-ray 
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fluorescence (micro-XRF) spectroscopy, respectively, at the National Synchrotron 

Light Source (NSLS), Argonne National Laboratory, and SLAC National Accelerator 

Laboratory. Roots and outer plaques were analyzed whole and as cryosectioned 30 ɛm 

cross-sections to spatially differentiate the oxidation state of As sorbed on the plaques 

and absorbed in different regions of the roots. Synchrotron analysis showed changes in 

As speciation with increased salinity, with more As-sulfide compounds found in a 

saline environments. The XRF maps of common reed roots shows the distribution and 

uptake of As(III) and As(V) in plant roots. These maps indicate As(III) moves in 

through the root tip and then is complexed by the plant to become a more stable and 

less toxic As compound. The saltwater intrusion potted study has shown how wet and 

dry cycles can release Fe, Mn, and As into the porewater of wetland sediments. This 

study provides key insight to understand the impact of sea level rise on the cycling, 

mobility, and speciation of redox sensitive As and other contaminants in wetlands. 

Similarly, Mn-oxides play a critical role in regulating As oxidation and 

reduction reactions in the environment. Manganese-oxides govern many geochemical 

reactions due to their abundance and high reactivity. Despite their importance in 

cycling redox sensitive compounds in natural systems, much remains unknown about 

the reactivity of Mn-oxides formed under environmental conditions and they may be 

altered by changes in climate. To study how these Mn-oxides react, soils were 

collected from Graskop, South Africa. Three soil profiles were excavated with a range 

of Mn concentrations. Each profile was further separated based on horizons, some 

containing over 20% Mn. Manganese nodules are ubiquitous in these soils. The soil in 

each horizon was thoroughly characterized to determine chemical and physical 

properties, including cation exchange capacity (CEC), point of zero charge (PZC), and 
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BrunauerïEmmettïTeller (BET) surface area. X-ray powder diffraction (XRD) was 

used to characterize the mineralogy of the crystalline material found in the clay 

fraction. Scanning electron microscopy (SEM) images were taken of each soil to 

characterize the particle distribution and mineralogy. A series of batch reactions were 

used to determine the capacity of these soils and nodules to oxidize As(III)  into As(V) 

under a variety of factors that may be impacted by an altered climate. The conditions 

of the reaction were varied from pH 4.5, 7.2, and 9.0 and temperatures ranged from 

4.5 ęC, 23 ęC, and 40 ęC to elucidate how differing pH and temperature influenced the 

oxidation reaction. Aliquots collected from these expePriments were analyzed by 

liquid chromatography-inductively coupled plasma-mass spectrometry (LC-ICP-MS). 

Solid samples from the reactions were taken to NSLS II  and analyzed on beamline 4-

BM (XFM) to determine the changes in manganese oxidation state after reacting with 

arsenite under varying conditions. X-ray fluorescence maps were collected on thin 

sections of these soils to analyze the distribution and speciation of Mn and Fe in 

natural soils and nodules. The As(III) batch reactions have demonstrated the oxidative 

potential of natural and synthetic Mn-oxides. The kinetics changed dramatically under 

differing pH and temperatures, which altered the oxidesô reactivity and potential to 

sorb As(V). Increasing the temperature also increased the reaction rates, releasing 

excess As(V) which was not initially sorbed. The Mn soils were least reactive at a 

circumneutral pH and were able to oxidize As(III) more rapidly at pH 4.5 and 9.0. The 

naturally formed Mn soils reacted similarly to synthetic Mn-oxides, indicating studies 

conducted with laboratory-made Mn-oxides are applicable to Mn reactivity in the 

environment. These experiments add to understanding the role of Mn-oxides in 

controlling redox sensitive reactions in the present and future environment.  
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ARSENIC CYCLING IN WETLAND ENVIRONMENTS : OXIDATION BY 

NATURAL AND SYNTHETIC MANGANESE -OXIDES AND MOBILITY IN 

WETLANDS UNDERGOING SALT WATER INTRUSION  

1.1 Introduction  

Arsenic (As) is one of the most ubiquitous carcinogenic pollutants humans are 

exposed to in daily life. Accordingly, the United States Environmental Protection 

Agency lists As as the highest priority environmental contaminant in the United States 

(Agency for Toxic Substances and Disease Registry, 2007). Arsenic is ubiquitous in 

the natural world because it occurs within many geologic formations and has been 

used in a variety of anthropogenic applications, including pesticides, industrial agents, 

and as a chemotherapy drug (Hughes et al., 2011). Arsenic is found in two primary 

forms in the environment, arsenite [As(III)] and arsenate [As(V)]. These As species 

differ in their mobility and toxicity. Arsenite is highly mobile and toxic, while As(V) 

is less mobile and less toxic. In the natural world, manganese (Mn)-oxides play a 

paramount role in the cycling and sorption of As. Naturally occurring Mn minerals can 

oxidize the carcinogenic As(III) into more benign As(V). Additionally, As(V) can be 

adsorbed to the surface of Mn-oxides, which prevents As from leaching into 

groundwater, where As can be easily ingested by humans in their drinking water. It is 

essential to determine the kinetics of these oxidation reactions under varying 

environmental conditions in order to predict how Mn-oxides and As reacts in the 

environment. Furthermore, defining the reactivity of synthetic Mn-oxides compared to 
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naturally-formed Mn minerals and biogenic Mn-oxides will allow scientists to 

understand how these processes occur in real-world systems compared to model 

laboratory settings.  

Arsenic is often deposited into wetlands and marsh sediments in coastal areas, 

which then have elevated levels of As. Sea level rise caused by climate change will 

impact coastal wetlands through increased salinity and possible inundation. Little 

research has been done to understand how sea level rise will impact contaminants in 

marsh systems. Wetland plants stabilize marshes by trapping sediments, but they also 

interact with metalloids, like As, in marsh sediments. This research seeks to 

understand how wetland plantsô ability to sequester or mobilize As will be altered due 

to rising sea levels. The results of this study will be applied to both natural marshes 

with elevated As concentrations and coastal contaminated sites to predict how As may 

be released or sequestered with sea level rise.  

1.2  Research Context 

The toxic impacts of As contamination are a global issue that affects the health 

and wellbeing of diverse populations. It is estimated that over 150 million people 

worldwide are endangered by As contamination (Ravenscroftet al., 2009). Arsenite 

has the greatest impact on human health in a few critical-developing countries where 

natural geological formations contain elevated levels of As. The World Health 

Organization deemed Bangladesh, ñthe largest mass poisoning of a population in 

history,ò due to the installation of drinking water wells in aquifers with high natural 

As (Argos et al., 2010; Singh et al., 2015). The wells were installed to provide clean 

water in areas plagued by bacterial surface water contamination and to reduce 

waterborne illnesses and human mortality. Unfortunately, these shallow wells often 
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tapped into alluvial sediments that are nearly devoid of oxidizing agents such as Mn 

and iron (Fe) and are rich in geogenic As(III) accumulated from weathering of 

upstream rocks. Arsenic is geologically associated with ore deposits containing 

sulphide minerals and certain rock formations, such as sandstones, shales, and 

phosphate rocks (Baur & Onishi, 1978; Garcia-Sanchez & Alvarez-Ayuso, 2003). The 

average As concentration in the lithosphere is 2 mg/kg, but deposits rich in As can 

contain hundreds of mg/kg (Boyle & Jonasson, 1973). The pH of soils also impacts As 

transport, with older deposits ranging from pH 6.0ï6.5 and more recent alluvium 

having a pH of 7.0ï8.5 (Gerrard, 1992). Arsenic becomes increasing mobile under 

acidic conditions due to the dissolution of Fe and Mn-oxides, while in alkaline soils 

As can also be very mobile due to organic matter dissolution and anion desorption 

(Gersztyn et al., 2013). This geogenic As can be released into the porewater that 

makes up an aquifer and then ingested when a well is drilled for human use.  

Drinking As contaminated water can result in a variety of cancers and serious 

health ailments caused by both acute and chronic exposure. These include, but are not 

limited to, vascular diseases, keratosis, skin and internal cancers, and diabetes (Chen 

et al., 1995; Chen & Wang, 1990; Engel et al., 1994; Ferreccio et al., 2000; 

Hopenhayn-Rich et al., 1996; Kadono et al., 2002; Marshall et al., 2007; Martinez et 

al., 2011; Morales et al., 2000; Smith et al., 1998; Tsend, 1977). Lung cancer is the 

deadliest disease linked to As ingestion, while skin cancer is the most common form 

of cancer from dietary As (Saha, 2003). In addition to consuming As in well water, 

many people in Asia receive dietary As by consuming rice. The redox cycling in rice 

paddies promotes the release of As(III) during the flooding phases, which then 

accumulates in the plant and grain. Arsenicôs physical characteristics mask its 

https://www.sciencedirect.com/science/article/pii/S0375674203001833#!
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presence in the environment; it has no smell, taste, or color when in solution (Martinez 

et al., 2011). 

In the Delmarva Peninsula, the majority of legacy As is linked to tanneries in 

Wilmington, DE, where As was used as a de-furring agent and then discharged into 

adjacent waterways. Additionally, lead arsenate (PbHAsO4) was applied to orchards 

and golf courses throughout the state to kill unwanted insects up until the 1960ôs. 

More recently, As containing roxarsone (C6AsNH6O6) was used as a feed additive-

pesticide in poultry production and then spread onto agricultural fields with the 

application of chicken litter. Farmers in Delmarva raised 9% of all US chickens in 

2007 (Enatsky et al., 2011). Based on the application rate of roxarsone, over 31,500 kg 

of As was applied to fields with broiler litter in Delmarva, before it was banned in 

2011 (Oyewumi & Schreiber; 2012). This organic As containing compound degrades 

in the environment, forming products including As(III), As(V), 4-hydroxylphylnyl 

arsonic acid, and dimethylarsinate (Arai et al., 2003; Jackson & Bertsch, 2001; 

Oyewumi & Schreiber; 2012; Rosal et al., 2005). When organic and inorganic As 

species are introduced into the environment they can leach into groundwater, 

especially in the sandy soils that dominate the coastal plains of Delmarva. Fortunately, 

many soils in this area also contain Fe and Mn-oxides, which are able to sorb and 

oxidize As from As(III) to As(V). Common soil minerals such as goethite and 

birnessite can be critically important in stabilizing and reducing the mobility of As in 

the environment. 

 

https://www.sciencedirect.com/science/article/pii/S0883292712001655#!
https://www.sciencedirect.com/science/article/pii/S0883292712001655#!
https://www.sciencedirect.com/science/article/pii/S0883292712001655#b0090
https://www.sciencedirect.com/science/article/pii/S0883292712001655#!
https://www.sciencedirect.com/science/article/pii/S0883292712001655#!
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1.3 Main Research Objectives 

The objective of this research is to determine the impact of changing 

environmental conditions on As cycling in the natural world. This will be 

accomplished by quantifying the impact of sea level rise on As uptake and 

mobilization in the rhizosphere of wetlands under salt water inundation induced by sea 

level rise. Additionally, the capacity for naturally-formed Mn-oxides to oxidize As 

under changing pH and temperature will be measured using high Mn soils from 

Graskop, South Africa. Finally, a series of synthetic and biogenic Mn-oxides will be 

used to measure how As oxidation kinetics change with variation in As concentration, 

pH, and temperature. These studies will aid in predicting future changes in As 

geochemistry with sea level rise and alterations to soil chemistry with ongoing 

fluctuations in climate.  
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SEA LEVEL RISE INDUCED IMPACTS ON ARSENIC IN WETLAND 

PLANTS 

2.1 Background 

Sea levels are rising faster in the mid-Atlantic region than anywhere else in the 

world (Sallenger et al., 2012). A significant impact of this will be alterations in sub-

surface hydrology and chemistry, such as salinization, rising water tables, and more 

frequent flooding. These events will lead to alteration of sediment chemistry in 

wetlands that can cause the release and migration of sediment-bound contaminants 

through ion-exchange, sorption/desorption, and dissolution processes that impacts 

contaminant speciation and availability. For example, contaminant release can be 

linked to ions in seawater competing for soil sorption sites and displacing bound 

aluminum, effectively lowering soil pH, and causing hydrogen ions to displace 

contaminants from binding sites (Kelderman & Osman, 2007). Despite the 

implications of these changes, little is known about the impact of seawater on 

metalloid mobility in wetlands and how the plants in these ecosystems can mitigate 

contaminant mobilization. Wetland plants contribute to the sediment chemistry of 

marshes and are essential to understanding how sea level rise will impact wetland soil 

contaminants in the future.  

The estuaries in the Eastern United States are some of the most productive 

ecosystems on earth, serving as critical habitat for wildlife and important exchanges 

for water filtration. They are also epicenters of commerce and industry vital to our 

Chapter 2 
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nationôs economic prosperity. Despite this invaluable role, wetlands are destroyed by 

human activities directly and indirectly. Accelerated sea level rise brought on by 

human-induced climate change poses one of the greatest threats to wetlands in the 

coming decades. The Mid-Atlantic Coast of the United States is particularly 

vulnerable to sea level rise, because of subsidence due to rebound in Northern Regions 

from the end of the glacial age, pumping of groundwater, weakening of the North 

Atlantic Gyre, and thermal expansion of the oceans (Davis, 1987; Davis & Mitrovica, 

1996; Wu et al., 2009). This will result in an estimated average of 66 cm of sea level 

rise by year 2100, ranging from 39 cm to 102 cm (Najjar et al., 2000; Wu et al., 2009). 

There will be localized areas that experience greater amounts of sea level rise. Sea 

level rise in the Mid-Atlantic is particularly concerning because nearly a quarter of the 

US population lives in this region, where half of these people live in coastal counties 

and are vulnerable to the impacts of sea level rise.  

In addition to the impact of sea level rise on the human population, there is a 

great ecological toll in coastal regions. Coastal areas provide critical habitat for a vast 

range of wildlife and plant species. Additionally, 60ï90% of commercially harvested 

fish and shellfish rely of coastal wetlands as breeding grounds and for the survival of 

their young (NPS, 2016). This accounts for $125-190 billion in revenue generated for 

the Unites States economy. Sea level rise has the potential to destabilize these 

wetlands and promote a shift in plant species that can alter the ecosystemsô 

equilibrium.  

Delaware has lost about half its wetland habitats in the past two centuries, a 

large portion of this has occurred in the last 50 years due to housing development and 

conversion to farmland (DNREC; Tiner & Finns, 1986). This trend continues, and 
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361,000 acres disappeared between 1998 and 2004 (DNREC; Tiner & Finns, 1986). 

Sea level rise is contributing to the vanishing estuarine marshes, which are the most 

critical habitat for wildlife. Additionally, salt water intrusion from rising seas has the 

potential to alter flora communities in these marshes, which can impact wildlife 

biodiversity. Native species of plants that are salt tolerant like saltmarsh cordgrass, 

Spartina alterniflora, can benefit from increased salinities in previously freshwater 

marshes, while non-native invasive common reed, Phragmites australis, may also 

benefit due to their ability to colonize areas with increased ecological disturbance.  

Further threats to ecological and human health may be realized when saltwater 

encroachment and sea level rise cause alterations in contaminant mobility and toxicity 

 in wetlands. Despite their significance, marshes were historically infilled with 

industrial byproducts (NOAA, 2017). Fortunately, these systems have naturally 

attenuated many contaminants through uptake and sorption to plant biomass. 

However, salinization from sea level rise may disrupt these processes and release 

contaminants into ground and surface waters. Once mobilized these contaminants 

inhibit plant growth, lead to wildlife mortality, and threaten both recreational and 

environmental services in the tidal marsh ecosystem (Willis et al., 2016).  

Common reed has been extensively studied for the uptake and remediation of 

environmental contaminants in wastewater treatment systems and as a potential 

candidate for phytoremediation. Common reed is the most widely distributed plant in 

the world. Its seed fronds were once used as a cushioning packing material for 

shipments around the globe. It was then disposed of into the adjacent waterways and 

often colonized the wetland areas around shipping ports. Part of its incredible 

adaptability is due to the plantôs ability to shift the photosynthesizing mechanism 
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slightly from C3 to C4 (Srivastava et al., 2012; Srivastava et al., 2014; Zheng et al., 

2000). This adaptation allows common reed to come up early in the spring and then 

continue growing throughout the hottest parts of the summer. Common reed forms 

dense stands that shade out other vegetation, resulting in vast, thick, reed colonies 

once established. These monocultures disrupt native ecosystems, resulting in shits in 

biodiversity. They can also alter the marshôs hydrology and make the area more 

susceptible to wildfires.  

Sea level rise will be one of the major challenges humanity faces in the next 

century, making it critical to precisely understand how changing sea levels will impact 

the fate and mobility of arsenic and other contaminants found in coastal industrial 

sites. This study will greatly improve our ability to predict As cycling in wetlands and 

how wetland plants are impacted by increased salinity resulting from sea level rise. 

2.1.1 Objective  

The objective of this study is to determine the impact of sea level rise and 

storm surge on As speciation in the rhizosphere of wetlands.  

2.1.2 Hypothesis 

1. Increasing salinity caused by sea level rise will alter arsenic from As(V) to 

As(III), making this carcinogen more mobile in the environment.  

2. Iron plaque will prevent absorption of As into the common reed and saltmarsh 

cordgrass roots and cause the As to be predominantly present in the oxidized 

form in the rhizosphere.  

3. The mechanism for absorption will differ in the two plants. Arsenic is absorbed 

into the roots and rhizomes of common reed and can be influenced by the 
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presence of an iron plaque on the roots themselves. However, saltmarsh 

cordgrass will transport arsenic from the rhizosphere into the salts excreted on 

its leaves and this will increase when higher levels of salt are present.  

2.2 Site Description 

Soil was collected from the St. Jones Reserve in Dover, Delaware. The St. 

Jones Reserve is a tidal brackish-water marsh that contains a variety of marsh plants, 

including common reed and saltmarsh cordgrass. This marsh is surrounded by 

farmland, meadows, and forest (shown in Figure 2.1). The climate of the St. Jones 

reserve is humid continental, the annual mean high temperature is 66 °F, and the mean 

low is 47 °F. Average yearly rainfall is 46 in. distributed evenly throughout the 

months per annum. The land that drains into this watershed is predominantly 

farmland, urban Dover, and the Dover Air Force Base. Arsenic concentrations are 

slightly elevated in this marsh due to past releases by the Dover Air Force Base and 

natural marsh accumulation. Elevated As was found adjacent to the boardwalk due to 

the leaching of As used as a wood preservative. This area is designated as a Delaware 

National Estuarine Reserve and the site for many other research projects on sea level 

rise and alterations in the marsh environment. The goal of this reserve designation is to 

promote research that will help legislators make more informed policy decisions about 

the future of coastal areas and seal level rise.  
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2.1: Maps showing the location of the St. Jones Reserve from least 

magnification to greatest magnification. The circles 1 and 2 show the 

sites of sample collection within the marsh. The yellow dashed lines 

represent long term vegetation monitoring transects.  
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2.3 Materials and Method  

2.3.1 Wetland Soil Collection 

Soil was collected in the marsh of the St. Jones reserve, which is outlined in 

Figure 2.1. The soil was removed from randomized locations within each of the 

circled regions in the closest magnification of the site shown in Figure 2.1. Soil from 

the top 12ò of the marsh was collected in each randomized spot. The soils from each 

location were kept separate. The soil from site #2 was all placed into three, 15-gallon 

containers before the experiments. The soil was kept at 4 °C until required for use. 

When the soil was ready to be used for potted experiments it was not homogenized, 

but rather a small amount was taken from each 15-gallon container to ensure the 

growing media was an accurate representation of the marsh soil. By not homogenizing 

the soil, the innate properties of the soils and microbial communities within the soil 

were preserved to the greatest extent possible. No soil was dried or sieved before these 

experiments for the same intrinsic reasons, as drying can significantly alter many 

chemical and physical properties of soils, especially those which are constantly 

saturated like those used in this experiment.  

2.3.2 Phragmites Australis Collection 

Common reed was collected at the marsh site located behind the Delaware 

Biotechnology Institute and in between the Interdisciplinary Science and Education 

Building and Penny Hall on main campus. Both sites were uncontaminated areas to 

provide a starting material with a low heavy metal and metalloid content. Common 

reed was excavated with a small shovel and placed in saturated soil to promote rooting 

and reduce transplantation shock. Tall plants were cut to minimize evapotranspiration 

loss and inhibit desiccation while new roots were establishing. The common reed 
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plants were then grown in the glasshouse section of Fischer Greenhouse for at least 8 

weeks to establish the plants in a cultivated environment. Plants were treated for any 

pests before the experiment started with organic pesticide consisting of horticultural 

oil. Pests included, but were not limited to, aphids, Thysanoptera, and fungus gnats. 

The use of horticultural oil ensured any impact of a pesticide application would be 

minimized. Additionally, no pesticides were used during the experiments and manual 

removal was implemented.  

2.3.3 Hydroponic Experiments 

Plants were collected from the nearby marsh areas and grown in the Fisher 

Greenhouse in native soil until used for experiments. Before the hydroponic 

experiments, the soil was gently washed off the plantsô roots with reverse osmosis 

water (RO) and the plants were grown hydroponically in a modified Hoagland 

solution for 30 days before treatment. The solution was altered by removing 

phosphorus (P) to negate any interactions P would have with As uptake in the plants. 

After the roots were washed to prepare for hydroponic growth, half of the plants were 

first soaked in acidified (pH 3.5) DI water, and then a 50 mg/L solution of ferrous 

sulfate to form a plaque on the outer surface of the roots. The plants settled in this 

solution for 30 minutes to form a stable plaque. 

Plants were grown in a synthetic seawater solution from 10, 25, 50, 70, and 

100% seawater. The synthetic seawater was made following the modified EPA G2 

method for synthetic seawater with a salinity of 30.89 g/L (EPA, 2002). Plants were 

grown in this hydroponic solution for 30 days and then As(III) was introduced into the 

solution for a total concentration ranging from 10 to 15 mg/kg. Roots were collected 

for X-ray Fluorescence (XRF) mapping after the arsenic was introduced into the 
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system in intervals of 30 min, 1 hr, 3hr, 1 d, 3 d, and 7 d. After 4 weeks the 

hydroponic experiments were concluded, and the plants were harvested. Plant tissue 

was separated into roots, rhizomes, stems, and leaves for bulk elemental analysis. 

Some of the roots were collected for cold citrate dithionate bicarbonate (cdb) 

extraction to measure the amount of Fe and As found in plaques on the roots. The 

leaves, stems, rhizomes, and roots were then ground with a Wiley Mill with a #20-

gauge screen and processed with a microwave digester for bulk elemental analysis.  

2.3.4 Soil Based Experiments  

2.3.4.1 Arsenic Spiked Marsh Soils 

Preliminary soil-based experiments were conducted with common reed plants 

grown in soil collected from the South Wilmington Wetland. This soil was found to 

have background As levels around 8 mg/kg. The soil was then spiked with 15 mg/kg 

sodium arsenite solution until the total soil concentration was elevated to 20 mg/kg 

As, and was allowed to stabilize for 2 weeks after As introduction. Common reed 

plants were collected from a pond next to the Newark and Pomeroy Trail intersection 

with Wyoming Rd. Plants were grown in a mixture of Pro-Mix and Pro-Mix NCS for 

one month before transplanting into the spiked soil. Half the treatments were 

pretreated with an iron plaque while transplanting. Five hundred mL beakers were 

filled to the 400 mL mark with the spiked marsh soil and then common reed plants 

were added. Four treatments of saltwater were conducted: 0% (freshwater), 25, 50, 

and 75% seawater. Plants were grown in these soils for 1 month and after 1, 3, 7 d root 

samples surrounded by soil were taken for synchrotron analysis.  
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2.3.4.2 Natural Soil Arsenic Experiments 

Common reed plants were grown in a controlled growth camber in order to 

determine the impact of increasing salinity on As uptake and transport in the marsh 

system. Plants were collected from the marsh next to the Delaware Biotechnology 

Institute and Interdisciplinary Science and Engineering Building. They were 

established in the Fisher Greenhouse for 8 weeks to adjust to greenhouse conditions 

before starting the experiment. Plants were then washed free of soil and planted in a 2-

gallon bucket containing approximately 1.5 gallons of soil from the St. Jones Reserve. 

The soil and plants were all weighed before transplanting to determine the amount of 

soil in each bucket and the weight of the plant at the start of the experiment. Four 

treatments were used to determine the impact of simulated saltwater intrusion on As in 

wetlands. The first treatment is no added saltwater, next is 25% seawater, followed by 

50% seawater (common reedôs highest long-term salt tolerance), and finally 75% 

seawater. The collected soil naturally contained 8-10 ppt salt (~25% seawater) due to 

being collected in a brackish marsh.  These experiments were monitored weekly using 

porewater samplers. The porewater samplers were positioned in the center of the soil 

and sampled with a 30 mL syringe held open to draw vacuum. The porewater was 

analyzed for As(III), As(V), monomethylarsonic acid (MMA), dimethylarsinic acid 

(DMA), Fe, Mn, Al, Ca, along with pH and Eh. Salt percentages were monitored using 

a hygrometer and synthetic seawater was used throughout the experiments to maintain 

the correct percentage of seawater in each system.  

Porewater samples were collected by attaching 30 mL syringes to the 

porewater sampler with a Luer-LokTM adapter. The porewater samplers were 

manufactured by Rhizosphere research and were the Rhizon model with 0.15 um pore 

size. Sample was collected into a syringe by pulling back the plunger on the syringe 
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and propping a 7ò nail behind the plunger to keep the plunger held in place and draw 

vacuum and porewater. The vacuum in the syringe slowly draws the porewater 

samples into the vials. The As(III)/As(V) was determined using LC-ICP-MS. The 

samples were also screened for Mg, Al, K, Ca, Fe, Mn, and As with ICP-MS. pH and 

Eh were measured weekly, the same day as the samples were collected using a 

standardized pH meter and ORP probe, respectively. Samples were then frozen 

immediately and stored until needed for ICP-MS and LC-ICP-MS analysis. Seawater 

was synthesized using the modified F/2 media (EPA, 2002; Guillard & Ryther, 1962; 

Guillard, 1975). 

Porewater was collected weekly for 3 months and will continue for 2 more 

months. This will allow us to monitor the subsurface chemistry along with the species 

and concentration of As in the porewater to determine changes in As speciation that 

occur with increasing saltwater concentration. These data provide a detailed analysis 

of how varying saltwater conditions impact the subsurface chemistry in these systems. 

Combined synchrotron XRF and XANES analysis provide an understanding of the 

future of As mobility and other redox-sensitive contaminants in tidal wetlands.  

After the four-month growing period, the plants were divided into stems, 

leaves, root, and rhizomes. These were ground and digested for total analysis. Some 

roots were separated and a CDB extraction was performed to determine the extent of 

natural plaques present and the concentration of As sorbed to the roots. Soil samples 

were collected to determine any change in As concentration and speciation over the 

course of the experiment.  



 20 

2.3.5 Growth Chamber 

A Conviron model C10 10-M was used for the potted growth experiment. The 

Chamber was set for 14 hours of light per day. The temperature was maintained at    

24 ęC and the humidity was set at 75%. Soil was placed in the chambers for one week 

before the plants were added and light intensity was diminished for one week after 

transplanting to reduce plant stress. Constant air flow was maintained to prevent the 

growth of mildew and other fungal diseases.  

2.3.6 Pest Management 

Over the course of the experiment, common reed plants experienced some 

natural pest pressure from Hyalopterus pruni (mealy plum aphid). These pests were 

managed by physical removal and crushing and the addition of Hippodamia 

convergens (Convergent Ladybug) to naturally reduce the aphid population. Thrips 

(Thysanoptera) were also observed on the new leaves of the common reed plants and 

there was evidence of damage to growth. The ladybugs were also used to control this 

pest. No pesticides or fertilizers were used while growing the common reed plants in 

the controlled growth chamber.  

2.3.7 X-ray Fluorescence Analysis   

Samples were analyzed at synchrotron radiation light sources to determine the 

speciation and distribution of As and other elements in the rhizosphere based on the 

impact of plaques and changes in seawater concentration. Microprobe beamlines at 

Stanford Synchrotron Radiation Lightsource beamline 2-3, Argonne National 

Laboratory Advanced Photon Source beamline 13-ID-E, and Brookhaven National 

Laboratory National Synchrotron Light Source beamline X27A were employed to 

conduct XRF and X-ray Adsorption Near Edge Structure (XANES) analyses. Samples 
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from the hydroponic and soil-based experiments were collected throughout the 

duration of the trials and prepared for XANES spectroscopy analysis.  

Only root and soil samples contained enough As to analyze based on the 

environmentally-relevant concentrations used in these studies. Root samples were 

dried whole in an anaerobic glove bag and then mounted on Kapton tape for analysis. 

Root samples were also thin sectioned into 30 µm cross sections in order to analyze 

the radial distribution of As in the roots. Thin sectioning was performed using a Leica 

CM3050 cryostat using the CryoJane Tape-Transfer system at the Delaware 

Biotechnology Institute. Plant tissue was embedded using Tissue-Tek OCT (optimal 

cutting temperature) and then mounted on Kapton tape for analysis. Rhizosphere 

samples of roots in the surrounding soil were collected, dried anaerobically, and then 

resin embedded in EPO-TEK epoxy. These embedded samples were polished with a 

wet diamond sander to ensure a smooth, flat surface for XAS analysis. X-ray 

fluorescence maps of roots were collected and then points of interest were selected for 

As speciation analysis by XANES spectroscopy. When beam damage did not impact 

samples, a minimum of three XANES scans were taken to ensure data integrity. 

However, beam-induced oxidation was observed on 13IDE, so in most instances only 

the first XANES scan could be used for analysis. Multi-energy mapping was 

employed in some instances to tease out differences in the distribution of the As 

oxidation states of As-sulfide, As(III), and As(V) in XRF maps. Scans were run above 

each of the As species edges. The XANES spectra were analyzed using Athena 

software and SIXPACK software programs. XRF maps were processed using the 

SamView software.  
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2.3.8 Inductively Coupled Plasma Mass Spectroscopy  

Samples were analyzed on an Agilent Technologies 7500 series LC-ICP-MS. 

Standards were diluted from certified stocks and check samples were included in 

every run. Calibration of the instrument always exceeded 99.9% to ensure accurate 

data collection. Samples were diluted to approximately 100 ug/L total As and 

standards included As(III) and As(V) of 0, 5, 15, 25, 50, 100, and 200 ug/L. Analysis 

was performed according to the fast ion chromatography method in Jackson (2015).  

2.4  Results 

Hydroponic and soil-based experiments have shed light on the impact of sea 

level rise on contaminant mobility and speciation in the rhizosphere of marshes. 

Common reed and saltmarsh cordgrass, the two plants used in this study, have entirely 

different adaptive morphology for survival in wetlands, and accordingly have vastly 

different responses to simulated sea level rise.  

The species and distribution of arsenic found in the roots and rhizomes of 

common reed and saltmarsh cordgrass were investigated using synchrotron-based 

micro-XANES and micro-XRF spectroscopy, respectively at SLAC National 

Accelerator Laboratory. Roots were examined whole and cryosectioned into 30 ɛm 

cross-sections for analysis. Arsenite was discovered near the root tip, indicating a 

possible uptake pathway into the plant (Figure 2.2). Because of the lack of Fe plaques 

and intake of other nutrients at the root tip, it is likely this is where most of the As is 

absorbed into the root. Using As(III), As(V), and As-sulfide (As-S) standards to 

compare the collected spectra, it was determined changes in As speciation results from 

the introduction of seawater. It was found with increasing salinity there was a slight 

increase in arsenic sulfide compounds present, which may indicate increased stability 
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of the As in the common reed roots. In lower concentrations of seawater and 

freshwater, there was a mixture of As-S, As(III), and As(V). In some of the 100% 

seawater roots no As was found, possibly indicating it was more easily transported in 

the system or not readily absorbed by the roots due to their intolerance of such saline 

conditions. The saltmarsh cordgrass did not absorb enough arsenic to determine 

speciation in any part of the plant, indicating the plant does not retain a significant 

amount of absorbed arsenic. However, As can be found in the salts excreted in the 

cordgrassô leaves. In order to survive in saline environments, this grass excretes salt 

and other ions though specialized pores in the leaves.  

Rhizosphere samples were also collected from soil-based experiments and set 

in epoxy for beamline analysis. The XRF images of the entire rhizosphere can be seen 

in Figure 2.3, where the center of the image is a common reed root, surrounded by the 

soil matrix. From this XRF image it can be determined that the highest concentration 

of As is found coating the root and this is even more concentrated near the root hairs 

of the plant. This was further explored at beamline 10-ID-E at APS, where multi-

energy maps were used to determine the distribution of As(III), As(V), and As-S 

complexes. Figure 2.4 shows the XRF maps at three energies. These images are all the 

same cross-section of a fine root hair and show that As(V) is predominantly located on 

the tip of the root hair. The As(III) is found in the region behind the root tip. The As-S 

complexes are found within the root hair, indicating the plant is complexing the As in 

order to make it less toxic within the plant tissues. These findings fill knowledge gaps 

in how As is absorbed and transported within wetland plants with respect to increased 

salinity.  
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Soils collected from site #1 at the St. Jones Reserve were analyzed to 

determine As concentration. The background concentration from the marsh was 

approximately 15 mg/kg, while those soils collected near the wooden boardwalk 

reached 100 mg/kg. These data are shown in Table 2.1, where samples 3, 4, 6, 7, 8, 11, 

and 12 were all from soil removed near the boardwalk pilings. This is likely due to the 

leaching of As and other heavy metals from the treated wood pilings into the 

surrounding marsh sediment. The extent of this As plume in the marsh is likely 

limited, as only sediment collected within 50 cm of the boardwalk had elevated As.  

The soil-based common reed experiment in the environmental-controlled 

chamber has provided insight to As cycling and transport in saltwater marshes in 

response to saltwater intrusion. Soils used in these trials were collected from site #2 at 

the St. Jones Reserve. The experiments have been closely monitored for 3 months and 

samples will continue to be collected every two weeks for 3 more months. All soils 

were kept in reducing conditions by maintaining at least 2 cm of water above the soil 

surface. Some of the porewater samples started with positive Eh values, but by 

November 8th, the average Eh of the samples collected was -240 mV. These reducing 

conditions persisted throughout the experiment. The average pH of the tested soils was 

consistent at approximately 6.8. The addition of salt did not impact the pH of the soils, 

which is likely due to their natural buffering capacity. The background salinity for 

these soils collected at the St. Jones Reserve is about 8 ppt. The higher saltwater 

treatments were gradually adjusted to the desired salinities over the course of several 

weeks to reduce the stress of this changing environment on the common reed plants. 

The control pots without common reed had no significant difference in pH or Eh 

compared to the planted containers. One of the non-planted buckets had some visually 



 25 

noticeable differences. The soil in this container was pushed up due to the creation of 

excess gases in the subsurface. It is likely the lack of root supplying oxygen caused an 

overall more reducing environment, which caused the formation of gases from 

bacterial decomposition.  

The concentration of As from the ICP-MS appeared to increase when the 

samples were switched from reducing to oxidizing conditions. This increase also 

occurred after reducing conditions persisted for several weeks after the oxidizing 

conditions. Iron and Mn concentrations also were the greatest after this shift from 

reducing to oxidizing and then kept decreasing over time when reducing conditions 

persisted. Aluminum was present in the samples collected during positive Eh 

conditions but vanished when the Eh dipped far below 0, these data are shown in 

Table 2.2. 

When the solution samples thawed after being frozen there was the appearance 

of a white fluffy material at the bottom of the flasks. This material was the 

precipitation of dissolved organic matter from the freezing of the samples. The soils 

all had very high organic matter content, due to being collected from a marsh. The 

porewater collected in these experiments had a brownish tint. When frozen this 

precipitate formed and is likely sorbing Fe and Mn from solution. To mitigate this 

effect, the solutions were vigorously shaken to evenly disperse the organic material 

and then a sample for ICP-MS analysis was taken immediately after the mixing.  

Common reed tissue was digested for bulk elemental analysis before the start 

of the experiments to determine the background concentrations of select elements. The 

results from the stems, leaves, roots, and rhizome digestions are summarized in Table 

2.3. Roots and rhizomes were the highest in Fe, at 20,700 mg/kg and 1,400 mg/kg, 
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respectively. This is due to the Fe plaques that form around the roots and rhizomes in 

the soil. The roots also contained the highest concentration of As, 7.4 mg/kg. The Fe 

plaques on the roots scavenge and sorb As from the surrounding soil, possibly 

inhibiting the plant uptake of this metalloid. No other part of the common reed tested 

had detectible levels of As. The roots were elevated in Mn, containing 484 mg/kg Mn. 

The leaves of the plants were also relatively high in Mn due to its role in 

photosynthesis. The leaves were also rich in sulfur (S), needed for the formation of 

chlorophyll. The same was true for the phosphorus (P) content of the leaves. 

 The soils tested before the experiments showed a background concentration of 

As and high organic matter content (Table 2.4). Seven of the pots were randomly 

selected to give a generalization of the soil in these experiments. The average As 

concentration is 10.02 mg/kg, a typical background concentration for a marsh soil in 

the Mid-Atlantic (Sarkar & Datta, 2005; Hughes et al, 2011; DNREC, 2005). Organic 

matter by loss on ignition was quite high, averaging 28.7%. This is expected as these 

are highly organic, marsh soils. Aluminum was high, averaging 28,500 mg/kg. The 

same was true for Fe, at 23,900 mg/kg. Potassium (K), sodium (Na), and magnesium 

(Mg), salts associated with seawater, were present in large numbers due to the 

brackish nature of the marsh. Manganese was found at 330 mg/kg. Phosphorus 

averaged 935 mg/kg, which is quite elevated for a normal soil; it will be interesting to 

see how this impacts the absorption of As into the plants, as As and P have very 

similar chemistry. 

 The As in this system is likely sorbed to Fe, Al, and Mn-oxides. Due to the 

impact of pH and redox conditions on these oxides, we expect to see changes in the 

porewater As concentration with alterations to these parameters. The persistence of 
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reducing conditions may reductively dissolve Fe and Mn oxides, promoting the release 

of As that was previously incorporated into these minerals (Stollenwerk, 2003; 

Thomas, 2007). Under these reducing conditions, As(V) can be transformed to As(III) 

and then more easily mobilized in the environment. pH can also alter the sorption of 

As to metal oxides due to changes in surface charge relative to PZC and differences in 

the ability of As(III) vs As(V) to sorb to the mineral surfaces (Stollenwerk, 2003). The 

synthetic seawater used in this experiment was adjusted to pH 8.0. The input of basic 

seawater could lead to the alteration of the pH of the soil system. Arsenate is more 

strongly adsorbed at lower pH, while As(III) is adsorbed at the maximum extent at pH 

8-9 (Stollenwerk, 2003). There was no apparent change in the porewater pH in these 

experiments after the addition of synthetic seawater for several weeks. This is due to 

the natural buffering capacity of these soils and eventually there would be an increase 

from circumneutral pH to alkaline after this buffering capacity was overcome. These 

results continue to provide new insight into how sea level rise may impact arsenic in 

wetlands and the fate and mobility of arsenic and other redox sensitive contaminants 

in the future.  
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2.2: XANES spectroscopy analysis of hotspots of the XRF map of a common 

reed root. These series of XANES show the change in As speciation from 

the root tip to the older section of the root. The change in As from As(V) 

to As(III) indicates As absorption is enhanced in the region around the 

root tip where little Fe plaque is present.   
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2.3: XRF image of a common reed root surrounded by soil. This plant was 

grown in soil under 70% of the salinity of seawater. The red regions on 

the root show concentrated arsenic (As) along the new root hair. The 

main root has patches of iron plaque, which may adsorb As in the 

rhizosphere. Scans of the X-ray absorption near edge structures 

(XANES) were taken at points along the root and in the surrounding soil 

to determine the speciation of As present in this soil-plant system.  

 

 

 

 

 

 

Arsenic  
High to low 



 30 

Table 2.1: Arsenic concentration in the marsh soils from the St. Jones Reserve.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Sample EPA3051-As 

ID (mg/kg) 

  

MF-1 12.13 

MF-2 14.90 

MF-3 66.49 

MF-4 100.59 

MF-5 15.77 

MF-6 12.41 

MF-7 70.51 

MF-8 51.46 

MF-9 15.10 

MF-10 12.74 

MF-11 66.23 

MF-12 59.41 
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Table 2.2: Solution data collected from the common reed, controlled growth 

chamber experiments. Tables detail the Fe, Mn, Al, pH, and Eh data.  

 

 

        
Fe (aq) Pot # 25-Oct 30-Oct 8-Nov 16-Nov 23-Nov 29-Nov 7-Dec 

1 16.01 1.09 1.55 4.16 2.24 11.55 0.94 

2 3.61 4.49 0.34 1.90 2.71 1.07 1.37 

3 21.74 1.71 5.29 3.60 6.42 1.28 2.81 

4 4.96 14.56 0.38 0.77 0.68 2.82 0.43 

5 7.45 2.27 1.80 2.00 0.44 0.57 0.22 

6 3.08 2.22 0.78 1.16 0.65 0.67 0.27 

7 2.81 2.31 2.19 1.21 0.50 0.97 0.43 

8 3.82 2.55 2.85 1.26 1.72 0.45 1.19 

9 41.18 2.33 5.45 4.35 1.18 1.16 1.43 

10 0.20 12.07 0.79 0.73 0.35 0.98 0.81 

11 4.45 1.27 1.66 2.80 3.04 0.44 0.67 

12 170.89 1.42 1.91 2.38 2.68 1.31 2.32 

13 2.20 115.00 0.84 0.49 0.58 2.68 1.18 

14 5.52 1.54 1.06 1.00 0.69 0.54 0.99 

15 2.03 2.75 1.26 1.15 0.92 1.38 1.47 

16 1.09 4.38 3.10 1.82 1.05 0.91 5.82 

Mn (aq) Pot #  25-Oct 30-Oct 8-Nov 16-Nov 23-Nov 29-Nov 7-Dec 

1 20.66 18.37 7.86 17.28 7.81 6.81 7.65 

2 22.75 15.50 5.42 5.77 8.99 4.94 5.23 

3 37.63 31.61 16.09 16.52 14.36 9.82 8.07 

4 29.03 17.23 7.98 4.43 7.80 6.33 5.56 

5 29.78 22.55 11.10 14.67 8.61 6.81 5.66 

6 36.82 25.96 5.61 14.73 8.16 4.19 2.70 

7 21.27 18.88 10.92 9.67 8.09 7.30 9.26 

8 32.12 46.67 17.83 12.48 15.82 10.15 7.54 

9 26.98 20.97 9.72 6.55 5.82 2.90 4.82 

10 20.24 22.79 10.16 8.65 8.13 7.28 6.44 

11 26.77 36.97 14.95 11.87 11.46 7.12 5.32 

12 38.27 28.96 6.75 5.33 3.68 2.96 3.49 

13 16.24 21.90 10.34 7.67 5.09 4.68 4.63 

14 18.02 23.39 7.19 6.17 4.65 5.69 4.70 

15 27.81 41.42 11.11 6.61 6.12 10.65 12.72 

16 19.95 39.52 12.10 10.45 10.10 10.23 18.06 
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Al  

Pot# 25-Oct 30-Oct 8-Nov 16-Nov 23-Nov 29-Nov 7-Dec 

1 3.10 2.29 <0.0 <0.0 <0.0 <0.0 <0.0 

2 2.75 2.35 <0.0 0.91 <0.0 <0.0 <0.0 

3 2.69 2.94 <0.0 <0.0 <0.0 <0.0 <0.0 

4 3.15 1.02 <0.0 <0.0 <0.0 <0.0 <0.0 

5 3.26 1.48 <0.0 <0.0 <0.0 <0.0 <0.0 

6 2.32 1.83 <0.0 <0.0 <0.0 <0.0 <0.0 

7 4.31 1.18 <0.0 <0.0 <0.0 <0.0 <0.0 

8 3.39 1.28 <0.0 <0.0 <0.0 <0.0 <0.0 

9 3.21 1.85 <0.0 <0.0 <0.0 <0.0 <0.0 

10 2.96 1.77 <0.0 <0.0 <0.0 <0.0 <0.0 

11 2.03 0.80 <0.0 <0.0 <0.0 <0.0 <0.0 

12 1.71 3.04 <0.0 <0.0 <0.0 <0.0 <0.0 

13 1.53 1.69 <0.0 <0.0 <0.0 <0.0 <0.0 

14 1.48 1.41 <0.0 <0.0 <0.0 <0.0 <0.0 

15 1.74 1.27 <0.0 <0.0 <0.0 <0.0 <0.0 

16 7.11 1.85 <0.0 <0.0 <0.0 <0.0 16.21 

 

 

 

pH  

Pot # 25-Oct 30-Oct 8-Nov 16-Nov 23-Nov 29-Nov 7-Dec 14-Dec 

1 6.50 7.37 6.60 6.71 7.07 6.72 6.94 6.83 

2 6.88 7.27 6.64 6.70 7.01 6.81 6.91 6.81 

3 7.03 7.08 7.00 6.99 7.07 6.71 6.89 6.78 

4 7.10 7.16 6.53 6.61 6.89 6.70 6.79 6.76 

5 7.12 7.46 6.97 6.72 7.00 6.79 6.89 6.85 

6 6.78 7.63 6.85 6.75 7.05 6.85 7.01 7.04 

7 6.79 7.13 6.67 6.70 6.77 6.62 6.87 6.78 

8 6.84 6.71 6.49 6.52 6.60 6.44 6.79 6.81 

9 6.56 6.86 6.49 6.50 6.58 6.54 6.86 6.80 

10 6.93 7.17 6.67 6.55 6.75 6.61 6.79 6.81 

11 7.18 7.16 6.61 6.79 6.71 6.52 6.85 6.70 

12 6.63 6.71 6.48 6.57 6.65 6.55 6.81 6.73 

13 6.84 6.80 6.72 6.65 6.80 6.79 6.84 6.98 

14 6.74 6.76 6.49 6.63 6.72 6.55 6.85 6.80 

15 6.60 6.98 6.67 6.90 6.85 6.69 6.79 6.82 

16 6.89 6.88 6.56 6.72 6.78 6.70 6.75 6.72 
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Eh 

Pot # 25-Oct 30-Oct 8-Nov 16-Nov 23-Nov 29-Nov 7-Dec 14-Dec 

1 -182 -30.6 -242 -305 -247 -279 -258 -254 

2 -167 -129 -227 -272 -239 -244 -237 -254 

3 -166 -27.5 -145 -267 -251 -259 -243 -240 

4 -163 -18.7 -227 -261 -261 -271 -253 -257 

5 -141 -11.9 -244 -282 -247 -268 -249 -254 

6 -85.0 -8.9 -233 -283 -247 -253 -216 -226 

7 -92.6 5.0 -256 -287 -243 -270 -258 -271 

8 -57.6 17.9 -251 -281 -229 -283 -248 -250 

9 -25.4 10.5 -245 -265 -222 -230 -235 -247 

10 -37.0 10.0 -279 -298 -236 -273 -233 -264 

11 -25.1 0.2 -260 -295 -239 -236 -227 -236 

12 5.0 10.4 -259 -268 -229 -250 -231 -235 

13 3.2 13.1 -298 -309 -243 -281 -260 -241 

14 8.9 39.1 -224 -289 -223 -255 -243 -254 

15 15.0 7.5 -215 -301 -235 -272 -252 -264 

16 20.0 1.8 -246 -309 -246 -280 -257 -273 
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2.4: On the left, an XRF map taken at three different energies, showing the 

prevalence of As-sulfides, As(III), and As(V) sequentially. On the right, 

the corresponding XANES scans. Arsenic speciation was found to 

change along the root profile. This Phragmites was grown in 70% 

seawater and some changes in the arsenic speciation were found between 

this sample and those grown in fresh water. Arsenate was predominately 

found at the edge of the root tip and farther along the root, while arsenite 

was more prevalent behind the root tip. Arsenic sulfides were discovered 

inside the roots. Increased salinity may cause the formation of more 

arsenic sulfur compounds. These changes in speciation impact the 

bioavailability of arsenic to plant uptake.  
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Table 2.3: Digestion of the common reed plants used in the soil-based experiments 

before the experiment was started. These were collected in 

uncontaminated areas, which differed than the sites used for soil 

collection. 

Table 2.4: Organic matter content and metal analysis of the soils used in the potted 

common reed experiment. The EPA3051 method was used for the 

digestion.  

 

 P K Ca Mg S Mn Zn 

 (%) (%) (%) (%) (%) (mg/kg) (mg/kg) 

Leaves  0.259 1.216 0.506 0.126 0.408 310.29 49.16 

Stems 0.078 0.797 0.067 0.032 0.074 39.31 23.03 

Rhizomes  0.225 2.185 0.073 0.084 0.147 72.70 31.83 

Roots  0.180 1.557 0.443 0.435 0.171 484.630 103.85 

        

 Cu Fe B Na Al As  

 (mg/kg) (mg/kg) (mg/kg) (mg/kg) (mg/kg) (mg/kg)  
Leaves  6.90 136.64 5.89 98.49 270.89 < 1.2   
Stems 3.16 97.47 1.55 198.04 111.85 < 1.2   

Rhizomes  8.98 1444.02 1.46 216.76 1545.41 < 1.2   
Roots  135.84 20683.64 10.49 1055.80 23102.08 7.74  

Soil 

OM 
by 
LOI Al As Ca Fe Mn P S 

 (%) (mg/kg) (mg/kg) (mg/kg) (mg/kg) (mg/kg) (mg/kg) (mg/kg) 

3 24.88 32,734 10.59 3,677 25,098 350.83 1048.4 21,896 

5 30.25 27,074 9.06 3,636 20,963 289.04 960.3 18,360 

8 28.81 30,289 10.54 3,471 25,163 340.98 923.8 20,851 

11 32.09 25,824 9.39 3,771 24,133 317.87 922.8 21,373 

12 25.00 28,276 10.95 3,472 25,777 365.95 815.8 21,448 

13 29.35 27,523 9.45 3,557 23,685 327.23 902.3 20,672 

14 30.28 28,046 10.16 3,573 22,766 314.58 970.5 21,788 
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2.5 Future Work  

The ICP-MS is currently out of service but will be repaired in early January. 

After this instrument is back in service, the remaining ICP-MS and LC-ICP-MS 

samples from the common reed experiments will be analyzed. This will shed light on 

the speciation of As in the porewater of this system and how increasing salinity alters 

the distribution and species of As found in marshes. The common reed, controlled 

growth chamber experiment will be continued for two to three additional months. In 

this time ¼ of the soils will be subjected to an alternating flooding and drying regime. 

The treatments will change with ¼ the soils unflooded and ¼ flooded and drained 

every other week to determine the impact of variable redox conditions on the As in the 

porewater. After this period of time, the plants will be harvested and digested to 

determine the impact of these variable conditions and the alteration of salt 

concentration on the uptake of As and other elements of interest in the common reed 

roots, leaves, stems, and rhizomes.  

The soils from these experiments will be saved and used in future work with 

saltmarsh cordgrass. This future work will aid in our understanding of how increased 

salinity from sea level rise may impact As and other redox sensitive contaminants 

found in marshes and other soils exposed to coastal flooding.  

  

1 
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ARSENIC OXI DATION BY THE MANGANESE SOILS OF  GRASKOP 

 

3.1 Introduction  

Manganese-oxides govern many geochemical reactions due to their abundance 

and high reactivity. Despite their importance in cycling redox sensitive compounds in 

natural systems, much remains unknown about the fundamental chemical and 

mineralogical properties of Mn-oxides formed in the environment. In order to study 

how naturally formed Mn-oxides react, soils were collected from Graskop, in the 

Mpumalanga region of South Africa. These naturally created Mn-oxides will  be used 

to directly compare the reactivity of Mn-oxides in the environment to the reactivity of 

synthetic Mn-oxides used in laboratory studies. 

Most soils with exceptionally elevated Mn-oxides contain 3-4% Mn and are 

found in arid regions with high pH, or serpentine soils. Serpentine barrens are remnant 

pieces of oceanic crust upheaved within the continental tectonic plate and then 

weathered into serpentine minerals (USDA). The Mn soils of Graskop are unique, 

because they contain up to 12% Mn in the soil fraction, making them an ideal 

candidate for studying natural Mn-oxides. Other investigations into Mn-enriched soils 

similar to these in Graskop have been conducted in Hawaii, Brazil, New Zealand, 

India, Australia, and the Philippines (Hue et al., 2001). All these sites share a similar 

climatic variance that promotes the accumulation of Mn into nodules. Periods of high 
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rainfall, followed by dry seasons, promotes Mn dissolution followed by redistribution 

and precipitation that results in the formation of Mn nodules within the soil matrix 

(Glasby et al., 1979). Exceptional concentrations of Mn cause agricultural problems in 

Oahu, Hawaii, where elevated soils contain from 10 to 40 g/kg Mn (Sherman, 1954). 

It was discovered that Mn prevents the uptake of Fe, causing Fe deficiency in 

pineapple (Sherman, 1954). Similarly, there are micronutrient deficiencies in the 

ecosystem around Graskop that have caused the local baboons to eat pine tree bark to 

gain minerals not readily available due the high sorption capacity of Mn and Fe soils. 

Most literature has focused on agricultural issues and mineralogical properties of the 

Mn soils; however, no studies have looked at the reactivity and kinetics of these 

natural Mn-oxides.  

The black Oxisols from Graskop are derived from prolonged weathering of 

dolomite parent material and are rich in Mn (Dowding & Fey, 2007). The dolomitic 

parent material is relatively low in Mn and Fe, even though these components have 

accumulated in the overlying soils (Hawker & Thompson, 1988). Highly weathered 

soils usually accumulate high levels of Al and Fe, but rarely Mn due to the mobility of 

Mn under acidic conditions (Dowding & Fey, 2007). Manganese accumulation is 

usually limited to the lower horizons in soil where the pH is high enough to prevent 

leaching and there is limited organic matter, which would otherwise cause reduction 

and further transport (Dowding & Fey, 2007). In this Graskop site, the Mn wad that 

has formed in place of the dolomitic parent material has a very low bulk density and 

high water-holding capacity. Even during the dry season over half of this soilôs weight 

was attributed to water. There is a great deal of illuvial  deposited material in the upper 

horizons of these Mn soils. This deposited material consists of Mn nodules in the A 
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and B horizons. These nodules contain up to 20% Mn by weight. The high 

concentration of these nodules can give the soils a gravelly appearance and can 

constitute over three-quarters of the volume of the bulk soil material. The nodules vary 

from marble sized to less than 2 mm and can constitute nearly half of the bulk soil by 

weight. Some of the nodules contain a chert core that was likely the nucleus of 

precipitation for the resulting particle. These unique soils have extraordinary chemical 

and physical properties which will aid in understanding the many roles of Mn-oxides 

in geochemical reactions.  

3.2 Objectives 

The first objective of this study was to determine how Mn in the environment 

reacts under different environmental conditions. This was investigated by determining 

the kinetics of As oxidation by each horizon in the soils collected from Graskop. The 

soils were reacted under varying temperature and pH conditions.  

The second objective was to determine how the soilsô unique minerology 

impacted their reactivity and how this compares to the reactivity of synthetic Mn-

oxides used in laboratory experiments.  

The third objective of the research was to use XANES and EXAFS to study 

changes in Mn oxidation state after reacting under different pH and temperature 

conditions.  

3.3 Hypothesis 

1. The Mn-oxide minerals formed naturally in the Graskop soils will have slower 

reaction kinetics compared to the synthetically laboratory prepared Mn-oxides, 
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due to lower surface areas, greater crystallinity, and increased persistence in 

the environment.   

2. Changes in temperature and pH will have the same general influence on these 

soils as found in the laboratory proxy Mn-oxides.  

3. The synchrotron experiments will show a reduction in the oxidation state on 

the Mn-oxides after reacting with As(III) and changes in the distribution on 

Mn species present in the mineral surfaces.  

3.4 Site Description 

The field site is located on the Driekop forestry estate near the town of 

Graskop in the Mpumalanga providence of South Africa. Figure 3.1 shows the 

location of the site within the northeast region of South Africa. The area was 

historically dominated by open grassland with pockets of rainforest in the valleys and 

around creeks. The Afrikaans word graskop translates into grassy hill. Much of this 

region has now been converted into extensive pine and eucalyptus plantations shown 

in Figure 3.1. Historically, the grassland was subject to natural burn cycles and now 

these plantations are still susceptible to devastating fires, whether started by thunder or 

disgruntled plantation workers. Isolated patches of grassland remain on some hilltops 

and rainforest vegetation can be found on rocky outcroppings unsuitable for plantation 

vehicle access or timber cultivation. The mean elevation is 4,800 ft above mean sea 

level, mean annual temperature is 63 °F, and this area receives approximately 50 in of 

rain each year. Most of the annual precipitation is received in the summer months, 

while the rest of the year is quite dry. Temperatures vary considerably during different 

seasons and frosts are possible in winter from May to July. Frost was observed when 

collecting the samples in early August. The surrounding landscape is spectacular, and 
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many South Afrikaners travel to this area for vacation in order to see the many 

wonderful vistas and waterfalls.  

3.1: The image on the left shows the location of Graskop, where soils for this 

study were collected. The picture on the right was taken at the Graskop 

field site. The color variations in the soil can be seen along with the 

plantation of Australian Pine. 

3.5 Methodology 

3.5.1 Soil Collection 

The three soil profiles collected at the Graskop field site were separated into 

horizons with the soil profile being listed as a number after the forest (F) field code. 

The three soil profiles can be seen in Figure 3.2. The first site with low manganese 

concentration was split into three horizons F6A, F6B1, and F6B2. The second 

collection site was split into four horizons: F7A, F7B1, F7B2, and F7B3. The final site 

with the highest concentration of manganese in the soil fraction was divided into two 

horizons, the topsoil F8A and the underlying manganese wad, F8B. The soils were 

characterized and their position within the landscape was noted. Site F6 was located 



 45 

on the upper mid slope of a south facing convex hill. Site F7A was positioned mid 

slope on a west facing convex hill. The final site, F8 was located on the upper mid 

slope of a west facing hillside. All three profiles were excavated using a shovel and 

pointed-tip hammer. The side of the road cut was excavated at least 30 cm and then 

the freshly exposed soil from each horizon was collected. All soils showed evidence of  

3.2: The three soil profiles collected for this study. From left to right, F6, F7, 

and F8. A geological hammer pick and shovel can be seen for scale. 

strong physical and chemical weathering. The overlying vegetation was Australian 

Pine with a mixture of groundcovers including grasses, ferns, and forbs. Samples were 

collected during the dry season; however, most of the soils still were moist.  
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3.5.2 Cation Exchange Capacity  

The F6 and F8 profiles were analyzed for cation exchange capacity according 

to the method found in Soil Classification: A Taxonomic System for South Africa 

(Soil Classification Working Group, 1991). 20 g, on dry weight basis, of the soils were 

transferred to a flask and 50 mL of 0.2 M ammonium acetate was added, mixed, and 

allowed to sit overnight. A Buchner funnel was used to slowly leach the soils with 0.2 

M ammonium acetate until a volume of 500 mL was reached. Then the soils were 

leached with 0.2 M potassium sulfate for over one hour. This leachate was tested with 

Nesslerôs reagent to ensure complete leaching of the ammonium ions. The leachate 

was then analyzed with flame atomic absorption spectroscopy.  

3.5.3 Point of Zero Charge (PZC)  

Point of zero charge was found following a modified method of Hunter (1981), 

which was used by Dowding (2004). 2 grams, on a dry weight basis, of field moist soil 

was added to a 50 mL test tube. The pH of the soil in each tube was adjusted using 

HCl or NaOH of molarity from 0.01, 0.1, to 1.0. Soil from each horizon of F6 and F8 

were adjusted to pH 3, 4, 5, 6, 7, and 8 and the amount of HCl and NaOH added to the 

soil was recorded. These PZC experiments were conducted in 20 mL of KCl solution 

molarities of 0.01, 0.1, and 1.0. These three varying KCl concentrations were 

equilibrated while being shaken in a reciprocal shaker for 2 hr and then the final pH of 

the solution was measured after settling. The PZC was determined by the point of 

intersection between the final pH of the soils at the three varying KCl concentrations 

on the titration curves.   
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3.5.4 X-ray Fluorescence (XRF) Analyses  

X-ray fluorescence analyses was conducted using a calibrated hand held XRF 

spectrometer set to mining mode. Soil from each horizon was oven dried at 104 °C 

and then ground into a fine powder using a ball mill. Nodules from each horizon were 

treated in the same fashion. The soils and nodules were laid on a flat piece of paper 

and then XRF was conducted with the instrument flush against the milled powder.  

3.5.5 X-ray Powder Diffraction (XRD)  

X-ray diffraction was performed by iThemba Labs on a Bruker D8 Powder 

Diffractometer with a theta-theta goniometer. The clay fraction of the soils was 

collected after the particle size fractionation experiment and was centrifuged until a 

clear supernatant was realized. Diffractograms were analyzed by hand and minerals 

identified by their signature peaks.  

3.5.6 Particle Size Fractionation Experiments 

Particle size was determined by using 20 g of dry equivalent field moist soil at 

the beginning of the experiment. First, the coarse fraction was sieved in a 2 mm sieve 

to remove the larger particles. The greater than 2 mm fraction was saved for sand 

analysis. 10 mL of 5% Calgon dispersing agent (35.7 g sodium hexametaphosphate 

(NaPO3)6 and 7.9 g sodium carbonate (Na2CO3) in 1 L water) were added to the dry 

soil that passed through the 2 mm sieve. Then 150 mL of water was added to the 

mixture. This slurry was thoroughly blended in a mechanical mixer for 5 min. The    

20 g of soil, dispersing agent, and 150 mL of water were added to the graduated 

cylinder and mixed thoroughly for 5 min. The soil was washed into the cylinder 

through a No. 270 (0.053 mm) sieve. The cylinder was filled to the 1 L mark and 

covered with a watch glass. The temperature was recorded and held constant. After the 
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temperature was stabilized the solution was mixed with a stirring rod for 30 s. 

vertically. After the determined time had passed (4 min 20 s and 7 h 13 min) the 

pipette was lowered 10 cm into the suspension and 25 mL of liquid was withdrawn 

over 12 s. The sample was discharged into a drying pan and the pipette was rinsed and 

this water was also added to the pan. The sample was then heated at 105 ęC overnight 

and the dry weight was recorded.  

The greater than 2 mm sand fraction was then sorted further. The remaining 

collected sand was dried at 105°C overnight for further separation. A stack of sieves 

were arranged from 0.5 mm, 0.25 mm, 0.106 mm, 0.053 mm, and a bottom pan. This 

was shaken for 10 min and the weight of particles in each size sieve were measured 

and recorded. 

3.5.7 Brunauer, Emmett, and Teller (BET) Analysis 

Surface area analysis was performed on the Micromeritics ASAP 2020 BET 

Analyzer. Soils were passed through a 2 mm sieve. After sieving, the samples were 

placed in the freeze drier for at least one day. The freeze-dried samples were then 

characterized on the BET surface analyzer with N2 gas as the adsorbate. 

3.5.8 Batch Reaction Experiments 

Reactivity of the Graskop soil profiles F6 and F8 were analyzed by batch 

reactions with As(III). All solutions totaled 250 mL and contained 10 mM NaCl 

background electrolyte. The pH 7.2 reactions were buffered with 5 mM 3-(N-

morpholino)propanesulfonic acid (MOPS). pH 4.5 was obtained with a Metrohm pH 

stat titrator and then compared to experiments buffered to pH 4.5 using a modified 

sodium acetate buffer. The buffer was created using 43% 0.2 M NaOAc and 57%    
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0.2 M HOAc adjusted to pH 4.5. Then 2.5 mL of this buffer solution was added to the 

batch reaction to attain a pH of 4.5. The pH 9 experiments were conducted by frequent 

hand adjustment with 0.1 M NaOH, because no suitable buffer was found which 

would not impact reactivity or sorption capacity. Field wet soil was added to achieve a 

Mn concentration of 1.82 mM. All solutions were added to a total of 250 mL in a 500 

mL beaker. Temperature was held constant in the laboratory at 23 °C, in the cold room 

at 4.0 °C, and using an Isotemp BOD Refrigerated Incubator set at 40 °C. Batch 

experiments at 4.0 °C and 40 °C were placed in these environments for several hours 

before the addition of As to ensure they achieved the desired temperature. All 

experiments were initiated by reacting with an initial As(III) concentration of 100 

mM. Batch reactions were constantly shaken at 120 rmp or greater to ensure the Mn 

solution was thoroughly suspended. Aliquots of 4.5 mL were collected at specific 

intervals, from 5, 10, and 30 min and 1.5, 3, 8, 24, 48, 72 h, up to 9 d. Collected 

samples were immediately filtered through a 0.20 ɛm sterile nylon syringe filter and 

stored in the cold room at 4.0 °C until analysis. All batch reactions were run in 

triplicate to ensure reproducibility, except the pH 9 reactions, which were conducted 

in duplicate due to the demanding task of constant pH adjustment by hand. 

3.5.9 Arsenic ICP-MS Analysis 

The samples containing As(V) and As(III) from the batch reactions were 

filtered with 0.20 ɛm sterile syringe filters, diluted to an acceptable concentration, and 

then analyzed with liquid chromatography inductively coupled plasma mass 

spectrometry (LC-ICP-MS) for As(III) and As(V) in solution. Samples were run on an 

Agilent Technologies 7500 Series ICP-MS. Standards were diluted from certified 

stocks and check samples were included in every run. Calibration of the instrument 
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always exceeded 99.9% to ensure accurate data collection. Samples were diluted to 

approximately 75 ug/L total As and standards included As(III) and As(V) of 5, 15, 25, 

50, 100, and 200 ug/L. Analysis was performed according a modified method of the 

fast ion chromatography method in Jackson (2015). Caroline Golt suggested a 

modification of this method that only utilizes the eluent B, which contains 3% 

methanol and 50 mM ammonium carbonate (NH4)2CO3 adjusted to pH 9.0. Using only 

this eluent allows for a shorter run time of approximately 4.5 minutes per sample for 

As(III) and As(V) speciation. The counts of each As species were individually 

integrated using the Agilent Technologies 7500 Series software.  

3.5.10 Synchrotron Studies 

Solid samples were taken from the batch reactions in order to understand 

changes in Mn oxidation state caused by the reaction with As(III). After completing 

the batch reaction experiment, the remaining solution was vacuum filtered through a 

0.20 ɛm nylon filter and then stored damp in the cold room. Some of the filtrate was 

freeze dried, while the majority was left moist until analysis. Samples were run at the 

synchrotron in both a damp and freeze dried state. The samples were analyzed at the 

Stanford Synchrotron Radiation Lightsource Experimental Station 4-3. The Lytle 

detector was used. Samples were kept at 100 K using a liquid nitrogen cryostat to 

minimize sample beam damage. Soil was packed into the multi-sample stage and then 

3 spectra were collected on each sample to ensure reproducibility. Analysis of 

collected spectra was performed using the ATHENA: XAS Data Processing software. 

Standards were provided by Mengqiang Zhu.  

Synchrotron analysis was also performed at the National Synchrotron Light 

Source II beamline XFM (4-BM). Soils were freeze dried, ground with a mortar and 
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pestle, and pressed into a 1 cm pellet. The mass of each pellet was optimized for 

transmission XAS using Demeter Software to calculate 1 adsorption length based on 

the percent manganese in each sample. Pellets were sandwiched between two layers of 

Kapton tape. Thin sections of the soils were mounted in EpoTech 301 epoxy resin and 

thin sectioned by Spectrum Petrographics to 30 um thin sections mounted on a quartz 

slide. XANES and EXAFS spectra were collected on the Mn present in both of these 

sample types to assist in determining the speciation and distribution of Mn and other 

elements in the field-collected soils before and after the As batch reactions.  

3.5.11 Scanning Electron Microscopy  

First, samples from the soil fraction were freeze-dried to prepare them for 

analysis. A fine layer of sample was attached to the stage using carbon tape and then 

sputtered with gold/palladium by a Denton Vacuum Desk IV for 60 s, at 45 ° rotation, 

and 60% sputtering power, to ensure the sample was evenly conductive to reduce 

charging, reduce thermal damage, and improve the topography resolution of the 

samples. The instrument used was a JSM-7400F high resolution scanning electron 

microscope (SEM). Images were taken showing the general consistency of the sample 

from low magnification and then magnification was increased to show more minute 

details of the mineral structures found within the soils. All unreacted soils were 

imaged and all F8A, F8B, F6A, and F6B1 samples were imaged after reacting at pH 

4.5, pH 9, and 40 °C. This allowed for the observation of structural and morphological 

changes which occurred after reacting with As under varying conditions.  
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3.6 Results 

3.6.1 Soil Profile Classification: 

 The Graskop soils have been described and classified accordingly:  

Depth 

(cm) 

           Description Horizon (Sample no.) 

F6 

0-30 

 

Moist; dark reddish brown (5 YR 3/3); sandy 

loam; weak, fine, crumb structure; soft to friable; 

common, fine and medium roots; many, gravel, 

nodule concretions; gradual, smooth transition. 

A (F6A) 

30-55 Moist; dark reddish brown (5YR 3/4); silt loam; 

common, fine, prominent, orange mottles; weak, 

fine, crumb structure; soft to friable; common fine 

pores, 1-5 medium pores; common, gravel, nodule 

concretions; few fine and medium roots; gradual, 

smooth transition. 

B1 (F6B1) 

55-90+ Moist; dark reddish brown (5YR 3/2); silt loam; 

few fine, prominent, orange mottles; weak, fine, 

crumb structure; soft to friable; few, gravel, nodule 

concretions; few fine and medium roots; gradual, 

smooth transition. 

 

 

 

B2 (F6B2) 
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Depth (cm) 

F7 

        0-20                     

                    Description 

Moist, brown (7.5 YR 2.5/3); loam, weak, fine, 

crumb structure, soft to friable, common, gravel, 

concretions and nodules, gradual, smooth 

transition.  

Horizon (Sample no.) 

             A (F7A) 

20-70 Moist; dark brown (7.5YR 3/4); loam; weak, 

fine, crumb structure; soft to friable; many, gravel, 

concretions and nodules; diffuse, wavy transition. 

B1 (F7B1) 

70-90 Moist; dark reddish brown (5YR 2.5/3); loam; 

weak, fine, crumb structure; soft to friable; many, 

gravel, concretions and nodules; gradual, wavy 

transition. 

B2 (F7B2) 

90+ Moist; dark reddish brown (5YR 2.5/2); loam; 

few, fine, distinct, orange mottles; weak, fine, 

crumb structure; soft to friable; common, gravel, 

concretions and nodules; not reached transition. 

 

 

 

 

 

 

 

B3 (F7B3) 
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Depth (cm) 

F8 

0-20 

                    Description 

 

Moist; dark reddish brown (5YR 3/3); sandy 

loam; few, fine, distinct, orange mottles; weak, 

fine, single grain structure; lose to friable; common 

fine pores; many, gravel, concretions and nodules; 

common fine to medium roots; clear, smooth 

transition. 

Horizon (Sample no.) 

 

A (F8A) 

20-120+ Moist; black (5YR 2.5/1); clay loam; few, fine, 

distinct, orange mottles; moderate, coarse, 

prismatic structure; loose to friable; many fine 

pores; medium cracks; very few, stones, chert; few 

fine to medium roots; clear, smooth transition.  

B (F8B) 

3.6.2 Nodule Metal Enrichment 

The concentration of Fe, Mn, Al, and other trace metals was compared in the 

nodules verses the soil matrix. A SEM image of a nodule from soil F8B is shown in 

Figure 3.3. The Fe concentration ranged from 5.7 - 7.8% in the soil and 5.7 - 7.6% in 

the nodules. Few nodules were found in the F8B profile and the particles of chert 

material found in F8B contained only 2.4% Fe. The Mn concentration ranged from 4.6 

- 12.2% in the soils, with the manganese wad containing the most Mn, while the 

nodules contained 11.2 - 22.0% Mn. The highest concentration in the nodules was 

found in the A horizon of profile 7. The composition of the nodules in each horizon 

for select elements by digestion can be seen in Table 3.1 and XRF in Table 3.2.  



 55 

Notably, there was no Fe enrichment in the nodules compared to the soil 

matrix. Iron would be expected to reductively dissolve during wet periods and then 

precipitate on the nodules, due to its high oxidative capacity. It is possible the super-

oxic conditions in these soils limits the amount of reductive dissolution and thus 

prevents the enrichment of Fe in nodules (Dowding, 2004). Gasparatos et al. (2005) 

studied Mn-Fe nodules in central Greece, which had distinct bands of Fe and Mn. This 

is due to the differing redox potential of the two elements. The Mn-oxides are reduced 

at a greater redox potential than the Fe-oxides, which in turn are oxidized at a lesser 

redox potential than the Mn-oxides (Gasparatos et al., 2005).  

There are several other differences in elemental content between the soil 

matrix and nodules in each soil. All nodules have greatly increased calcium (Ca) 

content compared to their respective soils. The ratio of Ca to Mn is nearly constant in 

the soils and nodules, indicating Ca is well associated with Mn in these soils. Liu et al. 

(2009) found that Ca promoted the aggregation of Mn(O)2, thus Ca may be an 

important factor in the formation of these Mn nodules. Copper is the only other 

element accumulated in the nodules. Phosphorus, Mg, and K are all more abundant in 

the soil matrix than in to the nodules. The Mn nodules found in these soils tell an 

important story about the mobility and mineralization of Mn and Fe in the 

environment, along with their relationship with other soil components. By 

understanding their formation and role in these soils we can learn how Mn and Fe 

oxides react in the critical zone around the world.  
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3.3:    A manganese nodule from soil F8B, nodules were extremely scarce in 

this wad soil. Minerals can be seen coating the surface of the nodule and 

perhaps forming the next layer of manganese and iron. Note the elliptical 

shape of the nodule and surface indentations on the otherwise smooth 

surface.  
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Table 3.1: Graskop soils and nodules digestion using EPA method 3051. Nodule 

samples are denoted by N. 

 

 

 

 

 

Sample 

ID 

Al  
(mg/kg) 

As 
(mg/kg) 

Ca 
(mg/kg) 

Cu 
(mg/kg) 

Fe 
(mg/kg) 

K 
(mg/kg) 

Mn 
(mg/kg) 

P 
(mg/kg) 

Pb 
(mg/kg) 

S 
(mg/kg) 

F6A 64770 7.2 435 88 77940 1300 31410 474 11 392 

F6B1 60820 7.0 431 102 79060 1099 35130 441 13 201 

F6B2 51430 5.5 459 113 73440 1264 38200 249 13 207 

F7A 64730 11.3 882 94 86410 896 64720 933 23 704 

F7B1 76260 9.8 585 79 88980 508 43120 606 17 315 

F7B2 71430 1.3 349 67 85390 134 24790 301 6 197 

F7B3 69200 7.3 717 103 87310 356 56310 234 21 331 

F8A 68800 8.6 100 104 80640 596 70310 494 26 673 

F8B 34410 5.8 1510 94 74410 321 84090 < Det 21 384 

F6AN 76370 3.0 697 418 56610 409 58810 20 24 312 

F6B1N 65980 10.7 1314 337 61230 959 116440 200 35 532 

F6B2N 42470 5.7 719 396 34710 765 66620 87 17 303 

F7AN 91100 6.3 1223 222 48600 411 95820 84 26 479 

F7B1N 97610 11.5 1565 264 81170 431 131050 149 41 612 

F7B2N 97230 2.7 697 233 60920 251 50980 41 14 263 

F7B3N 82940 8.7 1008 308 55520 328 82920 53 18 

401 

F8AN 72550 7.6 1235 215 43750 321 102610 31 32 

515 
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Table 3.2: X-ray fluorescence results from using the handheld device on milled soil 

and nodules. 

Soil Mn (mg/kg) Fe K Al  Si Ca 

F6A 48,200 73,200 5,450 2,140 15,200 83 

F6B1 45,600 65,000 6,180 1,900 13,300 < LOD 

F6B2 58,200 68,000 8,040 1,360 14,300 < LOD 

F7A 64,500 65,800 2,680 1,830 9,900 46 

F7B1 54,600 74,500 2,400 1,830 12,600 < LOD 

F7B2 59,100 78,000 2,730 1,930 11,400 42 

F7B3 75,700 72,400 3,780 1,590 10,100 < LOD 

F8A 90,700 73,200 3,610 2,450 10,800 < LOD 

F8B 120,200 56,900 14,500 3,610 5,100 < LOD 

Nodule Mn (mg/kg) Fe K Al  Si Ca 

F6A 158,400 70,300 3,500 3,390 8,900 < LOD 

F6B1 121,400 68,100 5,100 1,970 14,200 < LOD 

F6B2 111,700 62,100 6,240 1,640 14,900 < LOD 

F7A 219,900 67,500 2,130 2,940 5,700 < LOD 

F7B1 172,000 75,800 1,780 3,070 5,300 < LOD 

F7B2 168,900 72,600 2,060 3,790 7,100 < LOD 

F7B3 169,100 71,300 2,540 3,250 8,100 < LOD 

F8A 157,600 57,900 1,790 2,780 5,500 < LOD 

F8B 36,000 23,600 19,430 1,710 16,100 < LOD 
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3.6.3 BET Surface Area 

All unreacted soils were analyzed for surface area by BET. The native soils 

had surface areas ranging from 38 m2/g to 64 m2/g (Table 3.3). The mean surface area 

of the horizons was 55 m2/g and the median was 55, indicating the samples all had 

quite similar surface areas. The many minerals which comprise these soils have a wide 

range of surface areas. Stavropoulou (2017) studied natural todorokite Mn deposits in 

Cape Vani, Greece, which had a surface area of 53 m2/g. Synthetic Mn2O3 and MnO2 

were shown to have surface areas of 26 and 300 m2/g respectively (Stavropoulou, 

2017). While chlorite and gibbsite have quite low surface areas, at 5.06 m2/g and 11.2 

m2/g according to Carroll et al. (2016) and Wieland et al. (1993). Quartz also has a 

low surface area of 5.6 m2/g when in a refined sand grain (Wei et al., 2005). Goethite 

is one of the more common Fe minerals found in these soils and it has a wide range of 

surface areas depending on the origin of the material, which impacts the crystallinity 

of the resulting mineral. Vallacis-Garcia et al. (2015) found goethite had a surface area 

ranging from 42.5 -101 m2/g.  

Table 3.3: Results of BET surface area for the reacted and unreacted soils. 

 

Soil   Unreacted 

(m2/g) 

Rxn pH 4.5 

(m2/g) 

Rxn pH 7.2 

(m2/g) 

Rxn pH 9.0 

(m2/g) 

F6A 38.4 51.8 41.5 52.8 

F6B1 54.2 51.1 47.2 40.8 

F6B2 53.6 52.4 39.1 49.9 

F7A 63.8 - - - 

F7B1 63.9 - - - 

F7B2 55.2 - - - 

F7B3 54.4 - - - 

F8A 57.1 62.4 45.8 60.7 

F8B 56.6 61.0 64.0 66.3 
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Borggaard (1983) found the surface area of hematite to range from 14 to        

64 m2/g and maghemite from 8 to 30 m2/g, while goethite ranged from 16 to 82 m2/g. 

Others found hematite to have a greater surface area ranging from 85 to 140 (Perez-

Maqueda at al., 2002; Landers and Gilkes, 2007; Jia at al., 2013). Birnessite was found 

to have a greater surface area between 42-75.57 m2/g (Wong and Cheng, 1992; 

Xhaxhiu, K., 2015). 

 The values of the F8 soils are equivalent to similar soils containing high 

concentrations of naturally formed Mn and Fe minerals, which contribute to their high 

surface areas. This increases the reactivity of these soils. The A horizon of the F6 

profile had the lowest measured surface area, while the B horizons had greater surface 

areas, which were close to the average for these soils. The F7 horizons all have 

relatively large surface areas and the B2 as B3 horizons had the lowest surface areas of 

this group. The F8 A and B horizons had similar surface areas, with the A horizon 

having a slightly greater surface area.  

All  the soils showed changes in surface area after reacting with 100 µM 

As(III) . The F6A and F8B horizons all had a greater surface area after reacting with 

As at pH 7.2. The F6B1, F6B2, and F8A horizons all had a decrease in surface area 

after the reaction with As at pH 7.2. At the pH 4.5 reaction with As the F6A, F8A, and 

F8B horizons all experienced an increase in surface area after the reaction. The F6B1 

and F6B2 horizons once again decreased in surface area. The trend was the same for 

the pH 9 reaction with As. There are many factors that combine to contribute to 

alterations in the surface area with changes in pH. The most important influences are 

changes in surface charge and differences in the aqueous species present on Mn. 

Murray (1974) reiterates these ideas when discussing the impact of pH on the surface 
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chemistry of Mn dioxide. At a low pH Mn2+ is released into the solution due the MnO2 

becoming unstable and being oxidized by water at low pH values (Murray, 1974). The 

equation for this reaction is outlined below. 

MnO2(S) + 2H+ = ½02 + Mn2+ + H20 

The magnitude of loss of Mn the mineral structure will change at a lower pH. 

Additionally, at pH 4.5 all the soils are below their PZC, indicating the surface of the 

particles is positively charged. This can interact with the electrostatic repulsion of the 

mineral particles and this changes the surface area measured by BET method (Carlson 

& Kawatra, 2011). The species of Fe present also changes drastically from Fe2+ to 

Fe(OH)3 in pH 4.5 and pH 9.0, respectively (Craw, 2014). 

Additionally, when the soil becomes aqueous during the batch reactions 

several factors change which can influence the surface area of the final freeze-dried 

soil before BET analysis. The hydration and dehydration of the minerals can greatly 

alter the physical and chemical properties and thus the surface area. Hydration 

increases the amount of water available to the mineral surface, which can increase the 

formation of hydrogen bonds between hydroxyl groups on the mineral surface 

(Carlson & Kawatra, 2011; Morimoto & Kittaka, 1973). While the Mn and Fe 

particles are aqueous they can contact many dissolved constituents, which are not 

accessible in the field state. Organic matter and dissolved salts can lead to sorption and 

alterations in the overall surface area (Illes & Tombacz, 2004). The presence of Cl- 

can also lower the PZC by the formation of chloro-complexes, which impact the 

mineral arrangement (Carlson & Kawatra, 2011).  

With wetting and drying of the solid phase there is the dissolution of both Mn, 

Fe, and other ions, which are redistributed. Sakurai et al., (1990) found that depending 
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on this redistribution on the mineral surface the surface area could increase or 

decrease. They found increases in surface areas measured by BET was sometimes 

caused by a redistribution of surface area from the inner surface to the outer surface, 

which is only measured by BET (Sakurai et al., 1990). In other samples, the new Fe 

coatings along with the new hydroxides sorbed to the surface should have resulted in a 

marked decrease in surface area; however, no change in the total surface area was 

observed (Sakurai et al., 1990). 

3.6.4 Physical and Chemical Properties 

Particle fraction analysis showed all the soils were loam (Table 3.4). The F6A 

soil was a sandy loam, with under 10% fine silt-and clay-sized particles. The F6B 

horizons were both silt loams with high components in the fine silt-and clay-sized 

particles. The same was true for the F7 soil profile, with the A horizon having much 

less fine particles and the B horizons having more clay and fine silt. All three F7B 

horizons were loams. The F8A soil had significant clay and fine silt components for an 

A horizon and the F8B soil has similar particle size distribution as the A horizon, both 

are classified as loam.  

All soils had a more circumneutral pH with the Adams-Evans buffer, 

indicating they have weak buffering capacity. The organic matter (OM) by loss on 

ignition indicates all soils and nodules are relatively high in organic matter (Table 

3.5). As expected, the A horizons all had the greatest percent OM of the soil horizons. 

The F7A and F8A both were over 9% organic matter. With elevated soil Mn it is 

highly unusual to have such large percentages of OM. Soil organic matter can be 

stabilized by Fe and Mn-oxides, resulting in the high OM found in these soils. It is 

also possible the Ca in the soil forms a ternary complex with the OM, further 
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stabilizing the OM (Sowers et al., 2018). The cation exchange capacities (CEC) and 

estimated CEC for the nodules are shown in Table 3.5. Note that estimated CEC was 

much below the CEC at pH 7.0 for these soils. Due to their acidic PZC, the soils gain a 

more negative charge at pH 7.0 and this overestimates the CEC at pH 7.0. The 

estimated CEC values are low, as expected for these soils that are neutral in overall 

charge based on their PZC. However, the estimated CEC is also only based on the 

extractible elements in the Mehlich digestion and does not precisely estimate CEC. 

The soils and nodules also had low percentage base saturation. This may be due to the 

high concentration of Al in the soil that displaces the basic cations K+, Ca2+, and Mg2+. 

These results can be seen in Table 3.5. 
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Table 3.4:  Soil texture results from using sieves and settling in a 1 L cylinder.   

 

fine silt & 

clay % clay % fine silt % coarse silt % Texture 

F6A 6.4 3.0 3.4 36.7 sandy loam 

F6B1 21.8 0.4 21.4 33.8 silt loam 

F6B2 24.8 1.6 23.2 31.2 silt loam 

F7A 2.6 4.8 0 33.1 sandy loam 

F7B1 10.8 6.0 4.8 36.5 loam 

F7B2 22.8 11.2 11.6 24.5 loam 

F7B3 19.6 9.0 10.6 26.2 loam 

F8A 15.2 0.8 14.4 15.3 sandy loam 

F8B 48.1 38.4 9.8 33.3 clay loam 
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Table 3.5: Soil and nodule chemical properties. 

 

A-E Buffer 

pH 

OM by LOI  

(%) 

CEC pH 7.0 

(meq/100g) 

Base Sat. 

(%) 

Exchangeable  

Aluminum  

Soils                                               (Est. CEC)    

F6A 7.01 7.30 (8.2)    19.23 3.1 0.92 

F6B1 7.25 4.90 (6.3)    21.61 4.9 0.15 

F6B2 7.22 4.30 (6.5)    23.65 4.0 0.15 

F7A 6.80 9.10 (9.9)    26.23 3.2 0.37 

F7B1 7.18 7.00 (6.8)    19.76 3.6 0.11 

F7B2 7.25 6.10 (6.3)    19.43 5.4 0.13 

F7B3 7.26 5.60 (6.2)    21.01 4.8 0.18 

F8A 6.89 9.50 (9.4)    25.79 5.6 0.37 

F8B 7.05 5.00 (7.9)     32.21 4.4 0.46 

Nodules                                                     Est. CEC 

F6A 6.95 6.40 8.7 3.1  

F6B1 7.31 5.00 5.8 4.3  

F6B2 7.62 3.10 3.3 7.9  

F7A 7.18 7.20 6.8 3.8  

F7B1 7.22 7.80 6.5 3.9  

F7B2 7.30 8.00 6.0 6.3  

F7B3 7.35 6.70 5.5 5.2  

F8A 7.44 6.00 4.7 5.3  
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3.6.5 Point of Zero Charge (PZC) 

The point of zero charge experiments demonstrate that all the soils are 

naturally at the pH that is their PZC (Figure 3.4). The PZCsô were found to be as 

follows; F6A 4.75, F6B 4.9, F6B2 5.05, F8A 5.18, F8B 5.05. All the soils have an 

overall neutral charge in the environment. Of course, there are specific site within the 

soils which are positively and negatively charged. Birnessite and HMO manganese-

oxides typically have a low PZC around 2 to 3 (Puppa et al., 2013; Sparks, 2003), 

while lithiophorite has a higher PZC of 6.9 (Kim et al., 2002). Similarly, Fe-oxides 

have high PZCsô around 7.5 to 9 (McBride, 1994). Based on the known minerology of 

these soils we expect them to have a low PZC due to the presence of Mn-oxides, but 

this is somewhat moderated by the significant amount of Fe-oxides found in the soils 

and lithiophorite. Dowding (2004) emphasizes the significance of this by stating this is 

important for the long-term stability of the soils due to a minimum of OH- and H+ ion 

hydrolysis from the soil to the soil solution. This indicates the soils and minerals that 

comprise it are in a stable phase that is the most resistant against future hydrolysis. 

However, this equilibrium is somewhat fragile and changes in pH caused by outside 

pressures such as acid rain can shift the soils below their PZC and cause the release of 

protons into solution and then potentially destabilize chemical bonds, thus releasing 

metals into solution (Dowding, 2004; Furrer & Stumm, 1986).  
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3.4: Point of zero charge data from the F6 and F8 series soils. All soils 

appeared to be at the point of zero change in the environment. 
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3.6.6 Powdered X-ray Diffraction  

Spectra collected from XRD were analyzed to determine the main 

mineralogical component of each horizon in the soils. The F6 and F8 soils were 

chosen for analysis. The F6 soils all shared similar mineralogy, with chlorite, 

kaolinite, gibbsite, quartz, hematite, nsutite, goethite, and maghemite comprising the 

majority of the minerals present. The XRD plot for the F6B2 is shown in Figure 3.5. 

The F8A horizon contained mostly chlorite, gibbsite, lithiophorite, maghemite, and 

hematite. A sample of the spectrograph for F6B2 is shown in Figure 3.5. The F8B 

horizon was unique in that it contained todorokite, nsutite, lithiophorite, maghemite, 

and birnessite. The F8A horizon shared minerology with the F6 and F8B soils, 

indicating it has some material from the underlying Mn wad and contains alluvially 

deposited material from the upslope.  

3.5:  X-ray diffraction spectra from the F6B2 soil. 
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3.6.7 Scanning Electron Microscopy 

The images from SEM showed important information on the structure and 

aggregation of Mn-oxide particles in the soil matrix (Figure 3.6). The images 

generated were compared to the information gathered from XRD to determine the 

mineralogy present in the SEM images. Many of the particles are finely coated in 

mineral aggregates with almost every particle covered with an even finer coating. The 

F6 series show some hexagonal particles which correlate well with gibbsite. The F6B2 

soil revealed an excellent example of a cubic mineral structure, which is formed by 

maghemite in this soil. As expected, the F8A and F8B images appear to be similar 

from x250 magnification but are strikingly different under greater magnification. F8A 

contains a greater portion of smooth, chert-like material and has less fine coatings 

compared to the F6 soils. F8B, the Mn wad soil, has many platy particles that are 

characteristic of lithiophorite, one of the major mineral components of this soil. All the 

particles in this soil were well coated in fine lithiophorite.  

 The soils were collected after the batch reactions and imaged on the JSM-

7400F high resolution SEM to observe any changes which occurred after the reactions 

(Figure 3.7). All of these soils represent the final stage of the experiments roughly 9 

days after the reactions were initiated with the addition of As(III). The first set to be 

imaged were the soils after reacting with As(III) at pH 7.2. From the BET surface area 

analysis, we know soil F6A and F8B had modest gains in surface area compared to 

unreacted soils, while F6B1, F6B2, and F8A all showed a decrease in surface area 

compared to the unreacted soils. When comparing the unreacted SEM images of F6A 

to the reaction at pH 7.2 it is clear there are additional surface fissures running down 

the mineral surface than in the unreacted soil shown in Figure 3.7a. This may be due 

to the presence of shrink/swell clays such as chlorite. The soil was saturated during the 
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reaction and then freeze-dried for SEM analysis, which could have caused the 

formation of these surficial cracks. BET only measures the outer surface area and 

would increase due to increased surficial cracking. The F8B also increased surface 

area when reacted with As at pH 7.2. Comparing the two SEM images it is apparent 

there is the formation of filament-like structures after the reaction and the mineral 

coatings on particles are more disorderly with more surficial pores, seen in Figure 

3.7e. All of these changes to the mineralôs surface contribute to the increase in BET 

surface area after the As reaction.  

When analyzing the F6B1 soil before and after reaction at pH 7.2 there is no 

noticeable difference at low magnification. However, at 50,000 X magnification and 

above it is apparent some of the very small particles have been removed after the As 

reaction (Figure 3.7b). This is likely due to dissolution during the experiment or the 

physical removal of these particles when the solution is stirred and then filtered. The 

F6B2 profile also has a decreased BET surface area after reacting with As. The SEM 

images show the surface of the soil particles becoming increasingly rough and 

textured after the reaction (Figure 3.7c). The decrease in BET surface area may be due 

to a loss of smaller particles during the reaction, just as in the F6B1 profile. The F8A 

soil experiences a decrease in surface area after reacting with As at pH 7.2. Once again 

it appears there is a decrease in the smaller mineral phase that coats larger particles. 

More smooth, tabular minerals can be seen in the images with these finer crusts 

removed (Figure 3.7d). 

 Decreasing the pH also impacts the appearance of the soils in the SEM images. 

At pH 4.5 the F6A soil looks somewhat different compared to the unreacted soil. The 

large particles have more surficial fissures running across their surfaces. At a finer 
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scale there are less small pellet-like particles in the pH 4.5 reacted soil. These small 

spherical minerals can be seen in the top right image in Figure 3.6. These small 

spheres coat the surfaces of other minerals. They are not seen in the reacted soil at pH 

4.5 (Figure 3.7f). There are no other noticeable changes in the F6A profile. The 

increase in BET surface area after this reaction may have been somewhat attributed to 

the formation of these surficial fissures.  

The appearance of the F8A soil in the SEM changed dramatically when being 

reacted with As(III) at pH 4.5. The soil in its natural state is comprised of many pellet-

like particles composed of both nodules and conglomerates of minerals. Once reacted 

at pH 4.5 these conglomerate spheres disappear and are replaced by blocky mineral 

aggregates (Figure 3.7g). These particles are fine grained. This is one explanation for 

the increase in surface area after this reaction. The F8B soil showed a similar change 

in particle shape and size as the F8A soil when reacted at pH 4.5. The spherical 

particles found in the natural soils disappeared and were replaced by blocky mineral 

aggregates (Figure 3.7h). These new particles also had many surficial fissures. There 

were also some apparent changes visible at increased magnification. Both unreacted 

and reacted soils had many flaky platy minerals; however, there was more compacted 

versions of these particles after reacting. The F8B profile also had an increase in BET 

surface area after the pH 4.5 reaction and this can be attributed to the change in 

particle composition and appearance of surface fissures on these new particles.  

The reaction at pH 4.5 resulted in increasing BET surface area for F6A, F8A, 

and F8B. At this pH all the soils are below their PZC, indicating their surfaces will be 

positively charge. BET surface area only measures the outside of the particles, so any 

changes in the surficial charge which leads to structural changes and altered surface 
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area will be detected. For these three samples the positive-charged surface potentially 

altered the particle structure on the surface of the minerals to increase the surface area. 

 The F6A soil experienced changes in the distribution and appearance of 

particles after reacting with As(III) at pH 9.0. The SEM images of the soil after this 

reaction are shown in Figure 3.7i. There is the appearance of large rectangular 

particles and a more fine-grained surface coating these grains. Once again, these 

rectangular particles had large surficial cracks. The increase in fine mineral coatings 

and surficial fissures all contribute to an increase in measured BET surface area after 

this reaction.  

The F8A soil experienced similar structural changes after the pH 9.0 reaction. 

Before the reaction the soil had many pellet-like mineral conglomerates. After this 

reaction, the soil condensed into large blocky structures with large cracks and 

increased surface roughness (Figure 3.7j). Many of the Mn nodules did not change in 

surficial appearance. All these changes helped contribute to an increased BET surface 

area after the reaction. The same trend was observed in the F8B soil after the pH 9.0 

reaction. The formation of blocky particles with many surficial fissures and many 

particles combined to form larger aggregates (Figure 3.7k). The BET surface area of 

this soil also increased after the reaction. As the pH increases the surfaces of the 

minerals become increasingly negative. This may alter the surface structure and can 

increase the sorption of As to the mineral surface.  
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Figure 3.6: (continued on next page). 
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3.6: Scanning electron microscopy images of the unreacted F6 and F8 soils. 

These images show the crystalline nature of the minerals which aided in 

mineralogy identification when combined with XRD. The circles 

highlight the areas that were chosen for increased magnification. 
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3.7a: SEM images of the F6A pH 7.2 40 ɕC reacted soil 
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3.7b: SEM images of the F6B1 pH 7.2 40 ɕC reacted soil. 
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3.7c: SEM images of the F6B2 pH 7.2 40 ɕC reacted soil 
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F8A 40 ɕC   

 

 

 

 

 

 

 

3.7d: SEM images of the F8A pH 7.2 40 ɕC reacted soil. 
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3.7e: SEM images of the F8B pH 7.2 40 ɕC reacted soil. 
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3.7f: SEM images of the F6A pH 4.5 reacted soil. 
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3.7g: SEM images of the F8A pH 4.5 reacted soil. 
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3.7h: SEM images of the F8B pH 4.5 reacted soil. 
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3.7i: SEM images from the F6A pH 9.0 reacted soils.  
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3.7j: SEM images of the F8A pH 9.0 reacted soil. 
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3.7k: SEM images of the F8B pH 9.0 reacted soils. 
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3.6.8 Batch Reactions 

Batch reactions determining the kinetics of As(III) oxidation by the Mn soils 

under differing temperature and pH conditions were conducted in order to elucidate 

the role of Mn as an oxidant under differing environmental conditions. The reactions 

study the kinetics of As(III) oxidation by the F6A, F6B1, F6B2, F8A, and F8B soils. 

These batch reactions were conducted at pH 4.5, 7.2, and 9.0 to understand how the 

Mn minerals will react under a variety of pH conditions that may be found in the 

environment. Next, the reactions were conducted at pH 7.2 at 4.0 ɕC, 23 ɕC, and 40 ɕC 

to understand how Mn reacts within a variety of natural climates and how future 

increased temperatures may alter redox cycles in the natural world.  

The As(III) oxidation batch reactions elucidated some key differences in the 

reactivity of the horizons within each soil profile based on mineralogy and overall 

composition. All  reactions were conducted at the same Mn concentration in solution. 

Overall, the F8B horizon was the most reactive, and rapidly oxidized the As(III) in 

solution. The F8A horizon was one of the least reactive, followed by the F6A horizon. 

The F6B1 and F6B2 horizons also oxidized As(III) quite rapidly. 

3.6.8.1 23 ɕC, pH 7.2 Batch Reactions  

In the pH 7.2 batch experiments, the manganese wad soil, F8B, was the most 

reactive, but only 23% of the arsenate was sorbed to the mineral surfaces after the 

As(III) was oxidized at the end of the reaction (Figure 3.8). This was also 23% of the 

total As(V) that was generated, indicating relatively low sorption on the mineral 

surfaces. The horizon above this, F8A, was the least reactive soil, also with 43% of the 

As(V) produced being sorbed. The F8B soil was the most reactive because 91% of the 
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As(III) was consumed in the first 2 days of the experiment. This soil also had the 

lowest amount of As(V) sorbed from solution.  

The F6 soil profile showed a range of reactivities. Initially, all F6 profiles had 

different rates of As(III) oxidation. In the first 8 hr, the F6B1 oxidized the most 

As(III), followed by F6A, and F6B2. After 1.5 hr F6A started to plateau in As(III) 

oxidation, as the F6B soils steadily oxidized more of the As(III) . After 2 d the F6B2 

soil had oxidized the same amount of As(III) as the F6B1 soil and this trend continued 

until the termination of the experiment. The F6 horizons all had different levels of 

As(V) sorption throughout the reaction. All the soils initially sorbed most of the As(V) 

from the solution. The F6A and F6B1 soils sorbed 85% of the As(V) produced over 

the first 2 hours of the reactions, while the F6B2 soil sorbed 70% of the As(V) 

generated. As the reactions progressed, all of the soils were able to sorb less As(V). 

When the reaction was terminated at 6 d the F6A soil had sorbed 58% of the As(V) 

released, which was 52% of the total As in the reactor. The F6B1 soil sorbed 71% of 

the As(V) produced, which was 69% of the As in the reactor. Finally, the F6B2 soil 

sorbed 55% of the As(V) produced, which was 54% of the initial As concentration.  

Clearly, these three horizons have distinct reactivities and sorption capacities 

related to the soil properties and differing mineralogies. The F8 horizons both have 

high surface areas compared to the F6 horizons, but reactivity was clearly not well 

linked to the soilsô ability to oxidize As(III). The F8A soil has the second largest BET 

surface area, but also oxidized As(III) at the slowest rate. It is more likely that the 

mineralogy is impacting these soilsô ability to oxidize As(III) quickly. The subsurface 

soils accumulate easily soluble elements and thus the Mn mineralogy differs as well.  
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3.8: The pH 7.2, 23 ɕ/ batch reactions showing the oxidation of As(III) to 

As(V) by the manganese oxides in the F6 and F8 soil series. All reactions 

contained 100 uM arsenite and 1.82 mM manganese-oxide. 
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3.6.8.2 4.0 ęC Batch Reactions  

When temperature decreased to 4.0 ęC the soils all experience changes in 

reactivity and sorption (Figure 3.9). While all soils showed a slowing in reactivity with 

a decrease in temperature, the magnitude of the response varied greatly. Overall, the 

F8B soil still oxidized As(III) at the greatest rate during the first day of the 

experiment. After 1 d, the F6B soils had oxidized more As(III). Before this, the F6B2 

soil had oxidized more As(III) than the F6B1 soil. Initially, the F6A soil had the 

slowest rate of As(III) oxidation, but after 1 d had reacted with more As(III) than the 

F8A soil.  

The F6A, F6B1, and F8A soil reactions all have very similar aqueous As(V) 

concentrations for the duration of the reaction, indicating differences in sorption 

capacities. The F6A and F8A soils sorbed 40% and 43% of the As(V) produced, 

respectively, while the F6B1 horizon sorbed 70% of the As(V) produced. The F6B2 

horizon sorbed 55% of the As(V) and the F8B soil sorbed 43% of the As(V) generated 

in the reaction. These differences in sorption are likely due to mineralogical disparities 

between the soil horizons and two soil series. Clearly, the F6B horizons had greater 

potential to sorb As(V), than both F8 soils and the F6A horizon. The F8 soils are rich 

in lithiophorite, with a PZC of 6.9, the mineral surface would be very slightly 

negatively charged (Kim, et a., 2002). Whereas the other Mn oxides have much lower 

pzcs, such as birnessiteôs PZC of 2.8 and todorokiteôs PZC of 2.8 (Kim, et al., 2002). 

These Mn oxides would be increasingly negatively charged at high pH, which should 

repel the As(V) from sorbing on the mineral surface.  

The F6A soil has a noticeable slowing of As(III) oxidation with decreased 

temperature. The difference was especially notable during the first 10 min of the 

reaction, where the 23 ęC reaction consumed 11 times more As(III). The amount of 
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As(V) sorption was nearly identical despite the difference in temperature. The F6B1 

soil initially showed large differences in the As(III) oxidative capacity between 23 ęC 

and 4.0 ęC. The reaction proceeded much faster in the first 3 h at 23 ęC compared to 

4.0 ęC, but then the differences in oxidative capacity slowed and the two reactions 

occurred at similar rates. The amount of As(V) sorbed to mineralsô surfaces was also 

quite similar throughout the course of the two reactions. The F6B2 soils showed a 

slight decrease in As(III) oxidation capacity with a temperature drop from 23 ęC to 4.0 

ęC. After 2 d the 23 ęC reaction had oxidized 22% more As(III) and was reacting 60% 

more As(III) over the last day. The amount of As(V) sorbed and percent sorbed of the 

total produced was quite similar between the two reactions.  

The F8A profile initially reacted quite similarly at 4.0 ęC and 23 ęC; however, 

after the initial fast phase of the reaction, the 23 ęC reaction experienced modestly 

faster As(III) oxidation. After 2 d, the 23 ęC reaction oxidized 20% more As(III) than 

the 4.0 ęC reaction. The total amount of As(V) sorbed remained nearly the same 

between the reactions at the differing temperatures, but the reaction at 4.0 ęC 

compensated for the slower oxidation rate by sorbing a greater percentage of the 

As(V) produced. The F8B horizon initially reacted quite similarly at 4.0 ęC and 23 ęC; 

however, after the initial fast phase of the reaction, the F8B soil at 4.0 ęC slowed down 

considerably in As(III) oxidation. After 5 days, the 23 ęC reaction had oxidized 28.5 

more As(III), then the reaction at 4.0 ęC. There was also an increase in sorption at the 

lower temperature. This change in sorption with decreased temperature can be 

attributed to the change in PZC. When temperature is decreased the PZC will increase 

and as a result, the surface of the minerals will become more positively charged 

(Param et al., 1976). A more positive surface can then sorb a greater amount of As(V) 
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3.9: The 4.0 ɕ/ batch reactions showing the oxidation of As(III) to As(V) by 

the manganese oxides in the F6 and F8 soil series. All reactions 

contained 100 uM arsenite and 1.82 mM manganese-oxide, buffered at 

pH 7.2. 
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3.6.8.3 40 ęC Batch Reactions 

Increasing the temperature of reaction to 40 ęC increased the kinetics of 

reactivity for the soils studied. With increasing temperature, all the soils showed an 

increase in the rate and extent of As(III) oxidation (Figure 3.10). Initially, the F6B1 

and F6B2 soils oxidized the most As(III), but were surpassed by the F8B soil after 90 

min. F8A was still the least reactive soil, followed by F6A. There were great 

differences in sorption, which in the order from greatest to least is as follows; F6B1, 

F6A, F6B2, F8A, and F8B. All the reactions completely oxidized the As(III) in 

solution by 7 d at the termination of the experiment.  

For the F6A profile, the reaction producing As(V) proceeded much faster in  

40 ęC then at 23 ęC. This difference was most notable during the first 3 h of reaction, 

where the 40 ęC soil was still consuming 2.5 times more As(III) than the same reaction 

at 23 ęC. Over time the rates of reaction became more similar, as the reaction at the 

warmer temperature had consumed most of the available As(III). The rates of sorption 

also differed, the soil at 23 ęC initially sorbed almost all of the As(V) which was 

produced; however, at 40 ęC there was little initial sorption. After 2 d the soil at 40 ęC 

was able to sorb the same amount of As(V) as at the lower temperature. It is likely this 

is due to the system being flooded with As(V) at a faster rate, which the mineral 

surface is not able to sorb at a fast enough rate to keep up with the new As(V) release 

into solution.  

The F6B1 soil had even greater differences in reactivity between the batch 

reaction done at 40 ęC and 23 ęC. The 40 ęC reaction proceeded much faster than at 

this lower temperature, consuming nearly all the As(III) in solution within the first day 

of the reaction. The soil at 40 ęC consumed 1.6 times more As(V) during the first 3 h 

rapid phase of the reaction. This difference in As(V) generated allowed the reaction at 
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23 ęC to initially sorb 14% more As(V) than at the higher temperature. After 2 d the 

reactions had sorbed similar amounts of As(V).   

 The F6B2 soil showed a similar trend in ability to oxidize As(III) with 

increasing temperature. The 40 ęC reaction created over 20 times more As(V) in the 

first 5 min, compared to the 23 ęC reaction. There was more sorption initially at the 

higher temperature as well. However, after 2 d the 40 ęC and 23 ęC sorbed 60% and 

54% of the As(V) produced, respectively. The 40 ęC F6B2 soil sorbed about 10% 

more total As(V) during this same time period, due to the greater production of As(V) 

in the warmer system. 

 The F8A soil also oxidizes As(III) at a faster rate with increasing temperature. 

This effect was dampened compared to the other soils, due to the low oxidation 

capacity of this soil. The biphasic nature of the Mn-oxidesô reaction with As(III) was 

less pronounced and the 40 ęC reaction continually consumed about 1.7 times more 

As(III) than the reaction at 23 ęC, during the same time intervals. The percent of 

As(V) that was sorbed was almost the same at 45% for 40 ęC and 43% for the 23 ęC 

experiment. The total amount of As(V) sorbed was greater for the 40 ęC reaction, due 

to more As(III) oxidation in the system.  

 The F8B soilôs ability to oxidize As(III) responded similarly to increased 

temperature as the F6 soils. During the initial fast part of the reaction, As(III) was 

oxidized 2.8 times faster at 40 ęC than during the 23 ęC experiment. After this initial 

burst of oxidation, the two reactions proceeded at similar rates of oxidation. The 40 ęC 

soil sorbed more As(V), but only by 8% over the course of 7 d.  
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3.10: The 40 ɕ/ batch reactions showing the oxidation of As(III) to As(V) by 

the manganese oxides in the F6 and F8 soil series. All reactions 

contained 100 uM arsenite and 1.82 mM manganese-oxide, buffered at 

pH 7.2. 
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3.6.8.4 pH 4.5 Batch Reaction  

When the pH of the reactions dipped to 4.5, all of the soils were able to oxidize 

As(III) at a faster rate and sorb more of the As(V) product, as shown in Figure 3.12. 

The F8B soil was able to oxidize the As(III) the quickest, followed by F6B1 and 

F6B2. F6A and F8A lagged considerably in oxidation capacity and speed. The percent 

As(V) sorbed from highest to lowest was; F6B1, F6A, F6B2, F8A, and F8B. The 

F6B1 and F6A soil sorbed 93% and 90% of the As(V) by 7 d at the end of the 

reaction. The F8B remained resistant to sorption and only took 31% of the As(V) out 

of solution. This unwillingness to sorb could be from the lower percent of Fe in the 

F8B soil; however, F8A also has less Fe than the F6 soils and tends to sorb more 

As(V) than the soil from the B horizon of this site. These changes are likely due to the 

increasingly positive mineral surfaces found in the soils. At this acidic pH, most of the 

Fe-oxides have a positive surface charge and many of the Mn-oxides have a slightly 

negatively charged surface. These conditions promote both the sorbing of As(V) and 

the repelling of Mn that may coat the mineral surface, causing surface passivation and 

dampening of the reaction. 

F6A soil initially reacted faster under the circumneutral pH 7.2, oxidizing 12 

times more As(III), than pH 4.5, in the first 5 minutes of the reaction. As the reaction 

progressed the pH 7.2 F6A soil experienced a dampening of reactivity and the reaction 

at pH 4.5 proceeded to oxidize As(III) at a greater rate. After 1 day the pH 4.5 reaction 

had produced more As(V) than pH 7.2. This trend continued and allowed the soil to 

oxidize much more As(III) at the lower pH. In addition to making the soil react longer, 

the pH 4.5 conditions also caused a much greater extent of As(V) sorption. At the end 
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of the reaction, the pH 4.5 F6A soil had sorbed 90% of the As(V) released into 

solution, while the pH 7.2 soil had only sorbed 58% of the As(V). These differences 

are likely due to surface passivation by Mn oxides sorbing to the mineral surface and 

causing a reduced reactivity in the higher pH. This can be explained by the change in 

surface charge relative to PZC. The pH 4.5 soil will have a positively charge mineral 

surface because the F6A soil PZC is 4.75. As the mineral surface becomes more 

positively charge it will repel the Mn(II) found in solution and tend to sorb more 

As(V). The Mn solution data from these two reactions also supports this idea. There is 

about 4 times more Mn in solution at the end of the pH 4.5 reaction, compared to the 

same reaction at pH 7.2. Thus, surface passivation by Mn is both decreasing the 

oxidative capacity of these soils at circumneutral pH and leading to less As(V) 

sorption. Additionally, it is possible there is increased Mn and Fe dissolution at a 

lower pH, leading to an increase in the aqueous phases of these elements.  

The F6B1 soilôs ability to oxidize As(III) responded similarly to the F6A 

horizon with a decrease in pH. During the first 5 min, the reaction at pH 7.2 consumed 

7.5 times more As(III) than the reaction at pH 4.5. After this initial fast reaction, the 

low pH soil began to oxidize As(III) at a faster rate and after 8 h the pH 4.5 reaction 

had oxidized more As(III) than the reaction at pH 7.2. The lower pH reaction also 

sorbed 15% more of the As(V) produced compared to the pH 7.2 reaction after 2 d, 

while also oxidizing 6 times as much As(III). The Mn solution data also supports these 

conclusions as there is 28 times more Mn in solution at the lower pH, at 4,435 ug/L 

Mn which is shown in Figure 3.11. This indicates there is more Mn sorbed to the 

mineral surface at the higher pH due to the mineral surface becoming more negative 
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relative to the soilsô PZC. Additionally, more Mn is released into solution at the lower 

pH.  

The F6B2 soils showed a unique response in oxidative ability with decreasing 

pH. Like the other reactions, the pH 7.2 F6B2 soil was initially able to consume more 

As(III). The reaction at pH 4.5 then surpassed the circumneutral pH reaction in terms 

of As(III) oxidation after 3 hr and this trend continued for the remainder of the 

experiment. Once again, the Mn solution data shows ɕtimes as much aqueous Mn at 

pH 4.5 compared to the same reaction at pH 7.2. Additionally, 16% more of the As(V) 

produced in the pH 4.5 reaction was sorbed to the soil. This increased sorption is both 

due to the more positive mineral surface attracting more As(V) oxyanions and the 

reduced amount of Mn coating the mineral surfaces.  

The F8A soil experienced unique changes with respect to As(III) oxidation 

capacity under decreased pH. Initially, the pH 4.5 reaction proceeded to oxidize more 

As(III) than the pH 7.2 reaction. This was true for the fast phase of the reaction in the 

first 30 min. After this, the pH 7.2 reaction surpassed the lower pH in terms of 

oxidative rate during the 90 min and 180 min time points. After 3 hr, the pH 4.5 

reaction started to oxidize more As(III) than the pH 7.2 reaction. There were also large 

differences in the amount of sorption seen under the two pH values. The pH 4.5 soil 

sorbed 24% more of the As(V) produced, while also producing 18% more As(V), 

sorbing 70% of the As(V) produced, over 2 d of the reaction. This difference in 

sorption increased as the reaction continued.   

The F8B soil followed a similar trend in oxidative capacity under acidic 

conditions as the F8A soil. The pH 4.5 reaction consumed more As(III) during the first 

5 min of the reaction, but after this initial pulse of oxidation this trend disappeared. 
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The F8B soil was able to only oxidize As(III) slightly faster over the course of the 

entire reaction. There was 12% more As(V) sorption in the pH 4.5 reaction. The total 

sorption was much lower than the other soils, with only 35% of the As(V) produced 

being sorbed. The Mn solution data shows there is only 11 times less Mn in the pH 7.2 

reaction after 2 d, than in the pH 4.5 reaction. This is less than in the other reactions 

and can help explain why there is not much increased reactivity at the lower pH. There 

must not be as much capacity for surface sorption of Mn in the F8B soil. Even as the 

surface becomes more negative, there is a less drastic increase in Mn sorption possibly 

due to the few available sites. This also helps to explain why there is so little As(V) 

sorption compared to the other soils.  

Decreasing the pH to 4.5 changed the reactivity of the F6A and F6B1 and B2 

compared to pH 7.2 (Figure 3.12). After 17 h of reaction the F6A horizon had 

oxidized a similar amount of As(III) at pH 4.5 and pH 7.2. However, about the same 

amount of As(V) was sorbed to the soil at pH 4.5. The subsoils of F6 showed an 

opposite response, with nearly doubled reactivity at the lower pH. This increased 

reactivity with decreased pH can be attributed to a decrease in the soilsô PZC. As the 

surface becomes positively charged, there is less sorption of Mn reaction byproducts 

such as Mn2+, which can passivate the surface of the Mn-oxides and decrease 

reactivity (Lafferty et al., 2011c). The positive mineral surface can also cause sorption 

of As(V) to increase, which was observed for F6B1 and F6B2 by 12% and 22% 

respectively.  
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3.11: The aqueous manganese concentration in the F6B1 reactions at pH 4.5, 

7.2, and 9.0. Note the great increase in aqueous manganese at the acidic 

pH.  
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3.12: The pH 4.5 batch reactions showing the oxidation of As(III) to As(V) by 

the manganese oxides in the F6 and F8 soil series. All reactions 

contained 100 uM arsenite and 1.82 mM manganese-oxide. 
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3.6.8.5 pH 9.0 Batch Reactions  

Raising the pH to 9.0 also caused the soils to greatly increase the rate at which 

they oxidize As(III). The pattern remained, with F8B oxidizing As(III) at the fastest 

rate, followed closely by F6B2 and F6B1, in that order. The F6A and F8A soils were 

less reactive and oxidized As(III) at a slower rate, compared to the B horizons of the 

same soils. There was very little As(V) sorption at the higher pH, with the sorption 

capacities strictly following the naming order from greatest to least; F6A, F6B1, 

F6B2, F8A, and F8B. The sorption of As(V) for these soils was 40%, 38%, 32%, 30%, 

17%, respectively. The decrease in sorption is likely due to the electrostatic repulsion 

between the negatively charged mineral surfaces and the As(V) oxyanions.   

When the pH shifts to more basic, the surfaces of the soil minerals become 

more negatively charged. This change in PZC impacts the oxidation reaction of As(III) 

in several ways. First, there is more sorption of Mn byproducts onto the mineral 

surfaces due to the increasingly negative surface charge on the soil minerals. 

Additionally, the As(V) byproduct is more likely to be pushed away from the mineral 

surface due to its negative charge as an oxyanion. However, it is also possible that the 

surface more strongly repels the As(III) ion which can decrease the speed of the 

oxidation. Interestingly, in the pH 9.0 experiments, some of the filtrate near the end of 

the reaction showed a brown tinge. This indicated Mn or Fe particles were smaller 

than the 0.20 uM filter and remained in the suspension. It is possible that the higher 

pH caused the mineralogy to change and formed smaller Mn and Fe particles in the 

soils. This could help explain why the soils experienced faster As(III) oxidation at pH 

9.0 and why some of the soils also increased BET surface area after the reaction.  

As the pH increases to 9.0 the F6A soil oxidizes As(III) at a faster rate and has 

a greater oxidative potential than at pH 7.2. The oxidation reaction occurred faster 
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until after 1 d when most of the As(III) had been consumed in the pH 9.0 reaction. At 

the termination of the reactions the F6A soil in more basic conditions had oxidized all 

but 1.4% of the initial As(III), while the circumneutral reaction still had 9.2% of the 

initial As(III) remaining. There are also large differences in the amount of As(III) 

sorbed onto the soil in the two pH environments. After two days, the pH 7.2 soil had 

sorbed 5% more total As and 23% more of the As(V) which had been produced. This 

increased sorption is due to the changes in surface charge relative to the soilôs PZC. 

As the pH increases well past the acidic PZC of these soils, the mineral surface 

becomes increasingly negative. As the mineral surfaces become more negatively 

charged, they tend to sorb less of the As(V) anions in solution. At the same time, they 

will tend to sorb more of the Mn from the solution, which is positively charged. Each 

of these sorbed molecules has the potential to alter the surface interactions of the 

minerals in the soil through surface passivation and repelling of other molecules from 

the mineral surface.  

The F6B1 soil was even more reactive at pH 9.0, far surpassing the oxidative 

speed and capacity of the soil at pH 7.2. After 1 d the majority of As(III) had been 

oxidized in the pH 9.0 reaction. The rates of As(V) sorption were dampened at this 

higher pH. After 2 d there was 36% less of As(V) created that was sorbed and 25% 

less of the total As sorbed at the pH 9.0 reaction. This is due to the rapid oxidation of 

As(III) combined with the limited capacity for the soil to sorb oxyanions at the higher 

pH. However, the Mn solution data shows there is only a slight difference in the Mn in 

solution in the pH 7.2 reaction, with 225 ug/L Mn, and the pH 9.0 reaction, having 155 

ug/L Mn. This difference disappears at the end of the reactions, indicating there is not 

much difference in Mn sorption at the higher pH at the end of the experiment.  
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F6B2 soil had an even greater increase in reactivity when exposed to a more 

basic environment. In the first 5 min of the pH 9.0 reaction, there was 40 times more 

As(III) oxidation compared to the same soil at pH 7.2. After only 8 hrs, less than 4% 

of the starting As(III) remained in solution at pH 9.0. After 2 d, 36% of this generated 

As(V) was sorbed to the soil mineralôs surface at pH 9.0. During the same time in the 

pH 7.2 reaction, 55% of the As(V) produced was sorbed from solution. Both of these 

numbers represent about 35% of the total As(III) introduced at the beginning of the 

reaction. The Mn solution data also shows more aqueous Mn in the pH 9.0 reaction. 

At 1 d, there is 65% more aqueous Mn at pH 9.0, once again showing higher rates of 

Mn release at a higher pH.  

The reactivity of the F8A profile also showed an increase in reactivity at pH 

9.0, compared to circumneutral pH. One again, the fast reaction phase in the first 5 

min consumed 22 times more As(III) at pH 9.0 compared to pH 7.2. The pH 9.0 

reaction continued at a faster pace than the circumneutral reaction, but the difference 

diminished with time. The pH 7.2 reaction sorbed 11% more of the produced As(V) at 

2 d and this continued until the completion of the reaction. The difference in the 

aqueous Mn at the two pHôs is noticeable, at 4 d the pH 9.0 reaction has 448 ug/L Mn 

in solution, while the pH 7.2 reaction has 101 ug/L Mn in solution. It is likely the 

difference in Mn is due to the release of Mn at the higher pH. 

The F8B soil was no exception in having increased reactivity at pH 9.0 

compared to pH 7.2. In the first five minutes, the reaction at the higher pH oxidized 

As(III) 17 times faster than the same soil at pH 7.2. Nearly all the As(III) was oxidized 

in under one day at pH 9.0. Arsenate sorption was not significantly different between 

the two conditions, with the pH 7.2 soil only sorbing 3% more As(V) over the course 










































































































